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ABSTRACT OF THE THESIS

Differential responses of the anaerobic oxidation of methane to nitrate amendment in coastal

wetland sediments

by
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Professor Tina Treude, Chair

Wetlands are the largest natural contributor of methane, a potent greenhouse gas, to the
atmosphere. The anaerobic oxidation of methane (AOM) is a major sink to methane in coastal
wetland sediments and is typically sulfate-dependent. Anthropogenic activity may feed nitrogen
pollution into nearby coastal wetlands yet its effect on AOM is poorly understood.

This study utilized isotope-labeling experiments with in vitro sediment (0-3 cm) slurry
incubations to identify how nitrate in nitrogen pollution may affect coastal wetland AOM.
Nitrate generally suppressed AOM, but its effect was pathway-specific: while sulfate-dependent
AOM was suppressed, nitrate/nitrite and sulfate-independent AOM (e.g. iron and humics

substances-dependent AOM) was not. Overall, nitrate/nitrite and sulfate-independent AOM
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potentially accounted for over half of AOM across the nitrate-amended incubations. Contrary to
prior assumptions that sulfate-dependent AOM dominates in coastal wetland sediments, these
findings suggest that nitrate pollution may shift dominant AOM pathways to nitrate/nitrite and

sulfate-independent AOM.
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1. Introduction

1.1 Methane and its global budget

Methane (CH4) is the second most important greenhouse gas driving climate change with
a warming potential ~25 times greater than that of carbon dioxide (Dlugokencky et al., 2011;
Legg, 2021; Nisbet et al., 2019). Recent work has estimated global CH4 emissions at ~575-669
Tg yr! according to bottom-up and top-down approaches, respectively (Saunois et al., 2025).
Most of these emissions are due to anthropogenic activity (e.g. fossil fuels, agriculture, landfills,
and biomass burning), while the remaining emissions originate from natural sources (e.g.
wetlands, freshwater systems, and land and oceanic sources) (Saunois et al., 2025). Methane has
a relatively short atmospheric residence time (~9 years) in comparison to other greenhouse gases
(Intergovernmental Panel on Climate Change (IPCC), 2023; Prather et al., 2012). Therefore,
regulating methane emissions is an effective option for mitigating climate change as reducing
methane emissions may reduce atmospheric methane concentrations (and associated warming)
within a multidecadal timescale (Jackson et al., 2020; Ocko et al., 2021; Shindell et al., 2012;

United Nations Environment Programme and Climate & Clean Air Coalition, 2021).

1.2 Microbial methane production and oxidation

In anoxic sediments, microbial methanogenesis can convert carbon dioxide, acetate, and
methylated compounds into methane (Reeburgh, 2007; Segers, 1998). In marine anoxic
sediments, methanogenesis produces ~380 Tg CHs yr'l, though only ~10 Tg CHs yr! escapes
into the atmosphere (Reeburgh, 2007). As methane diffuses upwards through the sediment,
microbial methane oxidation can act as a powerful biofilter that mitigates emissions (Hinrichs &

Boetius, 2003; Reeburgh, 2007; Valentine, 2002). In oxic systems, such as marine water columns
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and oxic sediments, methane-oxidizing bacteria oxidize methane aerobically (Reeburgh, 2007).
In anoxic systems, such as freshwater and marine anoxic sediments, ANaerobic MEthanotrophic
archaeca (ANME) as well as certain bacterial lineages (e.g. NC10 phylum) oxidize methane via
the anaerobic oxidation of methane (AOM) (Boetius et al., 2000; Ettwig et al., 2010; Knittel &
Boetius, 2009). Together, aerobic methane oxidation and AOM strongly regulate methane
emissions from oxic and anoxic environments, respectively.

Aerobic methane-oxidizing bacteria generally use oxygen as the terminal electron
acceptor for oxidizing methane (Wallenius et al., 2021). Conversely, different ANME lineages
(ANME-1, ANME-2, ANME-3) may utilize various terminal electron acceptors to oxidize
methane in the absence of oxygen (Timmers et al., 2017). These electron acceptors (in order of
decreasing energetic favorability at standard conditions) include nitrite (NO2"), nitrate (NO3),
metal oxides such as manganese (Mn) and iron (Fe), humic substances, and sulfate (SO4%)

(Table 1).

Table 1. Standard Gibbs free energies (AG°’) of AOM with different electron acceptors.

Manganese(IV) is in the form of birnessite and iron(IIl) is in the form of ferrihydrite. Adapted

from He et al. (2018) and references therein, and Scheller et al. (2016).

Electron AG°’
Reaction
Acceptor (kJ mol'! CHy)
Sulfate CH4 + SO4* — HCO; + HS + H,O -16.6
Humic
CH4 +4AQDS + 3H,0 — HCO3; + H" + 4AH.QDS -41
Substances




Electron AG°’

Reaction
Acceptor (kJ mol! CHy)
Iron(11I) CH4 + 8Fe(OH); + 15H" — HCOs™ + 8Fe?* + 21H,0 -81.6
Manganese(IV)  CHs +4MnO; + 7H" — HCO3™ + 4Mn** + 5H,0 -494.0
Nitrate CH4 +4NO3” — CO2 +4NOy + 2H20 -519.8
Nitrite CHs4 + 8/3NOy + 8/3H" — CO; + 4/3 N2 + 10/3H20 -928

Nitrate and nitrite, an intermediate in nitrate reduction, are highly energetically favorable
electron acceptors for AOM (Strous & Jetten, 2004). Here, nitrate and nitrite-dependent AOM is
grouped as N-AOM. N-AOM removes nitrate from the environment by converting it to inert
nitrogen gas (Table 1). ANME-2d archaea (Haroon et al., 2013) and NC10 phylum bacteria
(Ettwig et al., 2010) are capable of N-AOM from nitrate and nitrite, respectively. These microbes
are typically found in freshwater environments (Ettwig et al., 2010; Haroon et al., 2013) but can
also occur in coastal environments at comparable rates (Dai et al., 2025).

While sulfate is the least energetically favorable electron acceptor for AOM at standard
conditions (Caldwell et al., 2008), sulfate-dependent AOM (S-AOM) is the dominant AOM
pathway in marine sediments (Knittel & Boetius, 2009; Reeburgh, 2007). Sulfate is the dominant
electron acceptor in marine sediments (Jorgensen, 1982); furthermore, sulfate availability
generally persists across larger sediment depth ranges than other electron acceptors (Froelich et
al., 1979). Additionally, sulfate is typically the first available electron acceptor for AOM as

microbially produced methane diffuses upwards through sediment (Iversen & Jorgensen, 1985;



Reeburgh, 2007). S-AOM occurs through a consortium of ANME and sulfate-reducing bacteria
(Boetius et al., 2000; McGlynn et al., 2015; Wegener et al., 2015).

AOM may also utilize electron acceptors other than nitrate/nitrite and sulfate, including
manganese(IV), iron(I1l), and humic substances (Table 1). Here, this nitrate/nitrite and sulfate-
independent AOM is referred to as N/S-independent AOM. The significance of N/S-independent
AOM as a methane sink is not yet well understood (Wallenius et al., 2021), though it has been
shown to occur in a wide range of environments. Iron and manganese-dependent AOM have
been detected in marine (Beal et al., 2009; Riedinger et al., 2014), brackish (Egger et al., 2015),
and freshwater sediments (Leu et al., 2020; Sivan et al., 2011) and are generally attributed to
ANME-2d (L. Chen et al., 2022; Leu et al., 2020), though ANME-2a (Aromokeye et al., 2020;
Slobodkin et al., 2023) and ANME-1 and ANME-2¢ (Xiao et al., 2023) have also been
implicated. Humics-dependent AOM has been detected in marine (Scheller et al., 2016) and
brackish sediments (Valenzuela et al., 2017). ANME-2a and 2c¢ (Scheller et al., 2016) as well as

ANME-2d (Bai et al., 2019; Xie et al., 2024) have been implicated in humics-dependent AOM.

1.3 Microbial methane oxidation in wetlands

Wetlands are the predominant natural source for atmospheric methane, producing ~161—
175 Tg CH4 yr'! or ~24-30% of global emissions according to bottom-up and top-down
estimates, respectively (Saunois et al., 2025). As wetland methane emissions are expected to rise
significantly by 2100, identifying and addressing variables controlling wetland methane
emissions is becoming increasingly vital (Gedney et al., 2004; Z. Zhang et al., 2017)

Wetlands can be broadly distinguished as coastal or freshwater. In anoxic sediments of

both types of wetlands, microbial methanogenesis produces methane (Reeburgh, 2007; Segers,



1998) which may then be consumed via AOM (Boetius et al., 2000; Knittel & Boetius, 2009)
and eventually aerobic methane oxidation in oxic sediment layers and in the overlying water
column (Reeburgh, 2007). S-AOM is the dominant driver for brackish (Segarra et al., 2013) and
marine coastal wetland AOM (Gao et al., 2022; La et al., 2022), while N-AOM is increasingly
considered dominant in freshwater wetlands (Hu et al., 2014; Shen et al., 2017; Zhao & Lu,
2023). Other electron acceptors have also been shown to AOM in freshwater sediments: iron and
manganese (Leu et al., 2020; Sivan et al., 2011), humic substances (Bai et al., 2019), and sulfate
(Schubert et al., 2011; Segarra et al., 2015). Sulfate can remain a contender for freshwater
wetland AOM despite its naturally low freshwater concentrations due to rapid turnover by sulfur
oxidation (Segarra et al., 2015).

The methane emission rate per area of freshwater wetlands is considerably higher than
that of coastal wetlands (7.1 vs. 1.3 g CHs m2 yr!) (Bridgham et al., 2006, 2013). This
difference is partially attributed to the tidal influence in coastal wetlands fueling S-AOM by
continuously supplying high sulfate concentrations relative to freshwater wetlands (Wallenius et
al., 2021). Furthermore, tidally derived sulfate drives organoclastic sulfate reduction which
outcompetes methanogenesis for shared metabolic substrates (hydrogen and acetate), suppressing
microbial methane emissions (Jargensen, 2000; Kristjansson et al., 1982; Oremland & Polcin,
1982). Conversely, freshwater wetlands are comparatively sulfate-depleted, so S-AOM is
spatially and concentration limited by sulfate availability (Segarra et al., 2015) and organoclastic
sulfate reduction consumes less substrate, leaving more available for methanogenesis (Lovley &
Klug, 1986; Winfrey & Zeikus, 1977). Consequently, relative to coastal wetlands, freshwater
wetlands may both produce more methane and oxidize less of it, resulting in a higher methane

emission rate per area (Bridgham et al., 2006, 2013).



1.4 Wetland nitrogen pollution

Coastal and freshwater wetlands may be influenced anthropogenically through various forms
of nitrogen pollution, including agricultural runoff and wastewater drainage, which are projected
to intensify with time (Galloway et al., 2003, 2008; Howarth et al., 1996; Kintisch, 2013; Smith
et al., 1999). Nitrogen pollution mostly consists of inorganic nitrogen compounds, particularly
nitrate (Baker, 1992; Howarth et al., 1996) which is an energetically favorable electron acceptor
for AOM (Table 1) and organic matter degradation (Froelich et al., 1979). Nitrogen pollution can
increase AOM in freshwater wetlands by stimulating N-AOM (Shi et al., 2017, 2022), the
increasingly considered dominant AOM pathway (Zhao & Lu, 2023). Freshwater N-AOM can be
limited to uppermost sediment as nitrate concentrations, supplied by overlying water, are
naturally low and rapidly consumed resulting in shallow nitrate penetration (~2—4 mm) into
sediment (Lorenzen et al., 1998). Nitrogen pollution alleviates this nitrate limitation, providing
high concentrations of metabolic substrate (Shen et al., 2015; Shi et al., 2022) that persist with
depth, expanding the depth range at which N-AOM can occur (Deutzmann et al., 2014). N-AOM
can simultaneously remove nitrate, transforming it into inert nitrogen gas, and methane, a potent
greenhouse gas (Table 1). Thus, N-AOM has received attention as a bioremediation strategy for
mitigating nitrogen pollution and methane emissions from freshwater wetlands (Contreras et al.,
2022; Gomez-Gallego, 2022).

Comparatively less is known about the effects of nitrogen pollution on AOM in coastal
wetlands (W. Yang et al., 2023). The prominence of N-AOM among coastal wetlands varies:
while S-AOM is generally recognized as the dominant contributor to AOM in coastal sediments

(Gao et al., 2022; La et al., 2022; Segarra et al., 2013), some studies have shown N-AOM



activity exceeding S-AOM (He et al., 2019; Wang et al., 2019). In coastal sediments, low
concentrations of nitrate are supplied from the overlying water column and are rapidly
consumed, generally resulting in shallow nitrate penetration into sediment (Canfield et al., 2005).
Nitrogen pollution has been shown to stimulate N-AOM in coastal wetland sediments (Wang et
al., 2022) by increasing substrate availability. However, nitrogen pollution may also affect S-
AOM and N/S-independent AOM. In environments where both nitrate and less energetically
favorable electron acceptors — iron(Ill), manganese (IV), humic substances, and sulfate (Table
1) — are available, N-AOM is more likely to occur (Strous & Jetten, 2004) and may outcompete
S-AOM and N/S-independent AOM due to its energetic advantage. Indeed, in vitro studies have
reported suppressed S-AOM at high nitrate concentrations in marine deep-sea (5 mM NO3")
(Beal et al., 2009) and coastal wetland sediments (3 mM NOz3") (Y. Zhang et al., 2020). Thus,
though nitrogen pollution may stimulate N-AOM, its potential suppressing effect on S-AOM and
N/S-independent AOM obscures its effect on AOM in coastal wetland sediments. It is therefore
important to understand how nitrogen pollution in coastal wetlands may affect the balance

between different AOM processes, particularly as nitrogen pollution intensifies.

1.5 Aim of this study

Here, we investigate the effects of nitrate in nitrogen pollution on total AOM (N-AOM + S-
AOM + N/S-independent AOM) in coastal wetland sediments (0—3 cm) from the Carpinteria
Salt Marsh Reserve. We provide insight into the ongoing response of AOM to nitrate pollution
and how this may impact nitrate and methane removal in coastal wetland sediments. We propose

the following hypotheses:



(H1) Nitrate amendment stimulates N-AOM, simultaneously supporting methane and nitrate
removal.

(H2) In nitrate-amended sediments, S-AOM is suppressed but total AOM is not.

(H3) In the absence of classical electron acceptors, humic substances may serve as an electron

acceptor for AOM.



2. Methods

2.1 Study area

The Carpinteria Salt Marsh Reserve (CSMR) is a coastal wetland located in Carpinteria, CA,
USA (Fig. 1). From the south and southwest, the wetland is tidally influenced, while from the
north, anthropogenic drainage feeds nitrate-rich freshwater (> 4000 uM NOs") into the water
column (Page et al., 1995). Following previous literature and nitrate concentration measurements
reported in this study (see section 3.1.2), four wetland stations (three northern and one southern)
were sampled during low tide. Station coordinates and characteristics were recorded using
ArcGIS (Table 2). Station NP1 was directly connected to multiple drainage pipes and exhibited
intense algal growth (Fig. 1). Drainage pipe water was also actively feeding into the Station NP1
water column at time of sampling. Station NP2 was directly connected to two drainage pipes,
while Station NP3 was ~70 m away (straight line distance) from the nearest drainage pipe
feeding into Station NP2 (Fig. 1). Station X was the furthest from a drainage pipe (~375 m
straight line distance). Water, sediment, and a sediment core were originally collected from
Station NP2 on 12 August 2024 to assess site geochemistry, nitrate penetration depth, and
potential nitrate and sulfate reduction rates. On 17 June 2025, water, sediment, and a sediment
core were collected from Stations NP1, NP2, NP3, and X to assess site geochemistry and
potential AOM rates. On 27 August 2025, water, sediment, and a sediment core were collected

from Station NP3 for further potential AOM rate incubations.
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Figure 1. A map of the Carpinteria Salt Marsh Reserve and its surrounding vicinity.

Sampled stations are marked with blue checkpoints: Stations NP1, NP2, and NP3, and X. Photos
of drainage pipes at Station NP1 (taken 17 June 2025) and Station NP2 (taken 12 August 2024)

are attached.

Table 2. CSMR sampling station names, coordinates, features, sampling dates, and sample

types. Features include nitrogen pollution exposure status and salinity conditions.

Sampling Coordinates (Lat, Sampling
Features Sample Types
Station Long) Dates
NP1 34°24'19.7"N, 119°  Exposed to nitrogen 17 June 2025 Water column,
32'34.5"W pollution; low- sediment core,

11



Sampling Coordinates (Lat,

Sampling

Features Sample Types
Station Long) Dates
brackish porewater sediment (for
conditions incubation
experiments)
NP2 34°24'10.7"N, 119°  Exposed to nitrogen 12 August Water column,
32'02.7"W pollution; mid- 2024; sediment core,
brackish porewater 17 June 2025 sediment (for
conditions incubation
experiments)
NP3 34°24'09.6"N, 119° Exposed to nitrogen 17 June 2025; Water column,
32'00.3"W pollution; high- 27 August sediment core,
brackish porewater 2025 sediment (for
conditions incubation
experiments)
X 34°24'09.2"N, 119° Not exposed to 17 June 2025 Water column,
32'27.1"W nitrogen pollution; sediment core,

marine porewater

conditions

sediment (for
incubation

experiments)

12



2.2 Water column, sediment, and sediment core sample collection

Water column samples were collected on-site, filtered (polyethersulfone, 0.22 um), and
transferred to 50 mL plastic centrifuge tubes. Water column salinity during low tide was initially
determined in situ with a refractometer (Portable Refractometer, Agriculture Solutions) and later
confirmed with ion chromatography (Metrohm 761). Water samples were stored at 4°C in the
dark and processed for geochemical analyses within 1 day to a week after collection, depending
on the sensitivity of the analysis. Leftover water samples were frozen at -20°C.

Sediment was collected into sterile 1L Duran flasks using polycarbonate rings (10 cm inner
diameter, 5 cm total height) with cm markings and metal plates. Based on previous experience,
sediment was collected from the surface 0—3 cm to target nitrate-exposed regions. Sediment was
stored at 20°C in the dark. After 1 to 2 weeks, a sediment subsample was extracted, transferred to
an argon-flushed 50 mL plastic centrifuge tube, and centrifuged at 4300%g for 20 min to extract
porewater. Porewater was then filtered (polyethersulfone, 0.22 um) and analyzed by
spectrophotometry (Shimadzu-UV 1800) to ensure the sediment was starved of nitrate, here
defined as < 0.5 uM NOs3” which was the detection limit of the method (Garcia-Robledo et al.,
2014). Sediment was then processed for incubation experiments (see section 2.4.1).

Sediment cores were collected in polycarbonate push cores (10 cm inner diameter). Cores
were inserted ~15-20 cm deep into subtidal sediment with up to 15 cm of overlying water (all
stations), and close to drainage pipes (for Stations NP1 and NP2). Cores were then carefully
extracted by sliding a metal plate underneath the core bottom; any core headspace was filled with
additional overlying water from the adjacent area, and the cores were sealed. Cores were stored

at 4°C in the dark and processed for geochemical analyses 1 day after collection.
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2.3 Water column, porewater, and solid phase analyses

For analyses of geochemical parameters, sediment cores were sliced under a constant
argon flow to mitigate oxidation. The surface 0-3 to 0—5 cm was sliced and processed for all
sediment cores in 1 cm increments. Two mL of sediment from each increment was immediately
transferred to 10 mL glass serum vials containing 5 mL of 2.5% w/w sodium hydroxide and
sealed with grey butyl stoppers and aluminum crimps. Samples were stored upside down in the
dark at 4°C until analysis. Methane concentrations were analyzed using a gas chromatograph
(Shimadzu GC-2014) with a HayeSep D packed column and flame ionization detector. The
column temperature was set to 80 °C, and helium served as the carrier gas at a flow rate of 12
mL min!. Methane concentrations were calibrated according to standards (Scotty Analyzed
Gases) with a precision of +5%. The remaining sediment from each 1 cm increment was
transferred to 50 mL argon-flushed plastic centrifuge tubes and centrifuged at 4300xg for 20 min
to extract porewater. Porewater was then filtered (polyethersulfone, 0.22 pm) and refrigerated at
4°C until analysis. Leftover porewater was frozen at -20°C.

Water column and porewater ammonium (NH4") and nitrate/nitrite concentrations were
measured spectrophotometrically within 1 day of porewater extraction with a detection limit of 1
and 0.5 uM, respectively (Garcia-Robledo et al., 2014; Grasshoff et al., 2009). Sulfate and
chloride concentrations were measured with ion chromatography with a detection limit of 30 pM
(Dale et al., 2015). Samples were measured within 1 month of porewater extraction. Salinity was
calculated from chloride concentrations using Knudson’s equation (Knudsen, 1901). Analytical
precision of all geochemical measurements was determined using replicate analysis of standards

with relative standard deviations (o) of 2 to 5%.
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Solid-phase iron(Il) and poorly crystalline iron(III), here referred to as microbially reducible
iron(III) (Laufer et al., 2020), were extracted from ~0.1 g sediment using 10 mL anoxic 0.5N
hydrochloric acid (HCI), following previous methods (Poulton, 2021) modified from Poulton &
Canfield (2005). The iron(II) and iron(IIl) concentrations were determined
spectrophotometrically following the ferrozine assay (Stookey, 1970). Highly crystalline
iron(IIT) minerals were not targeted as they are not energetically favorable for microbial iron
reduction in brackish and marine wetland sediment on the timescale (< 72 hours) of sediment
slurry incubations in this study (Postma & Jakobsen, 1996).

Sediment porosity samples were weighed and dried at 60°C for five days until the dry weight
no longer changed. Sediment porosity was then calculated by dividing the difference of wet and

dry sediment weight by the wet sediment volume.

2.4 Sediment slurry incubations for metabolic rate determinations
2.4.1 Incubation setup

Sediment was transferred under a constant argon flow to sterilized, nitrogen-flushed glass
serum vials (10 mL and 160 mL) and sealed with non-toxic chlorobutyl stoppers (blue Bellco
stoppers, 20 mm) and aluminum crimps (Niemann et al., 2015). Serum vials (10 and 160 mL)
were then flushed with nitrogen gas (N2) for 1 and 5 minutes, respectively, to ensure anoxic
conditions. The vials were filled with an anoxic and artificial sterile seawater medium(Laso-
Pérez et al., 2018) and made bubble-free, resulting in a 1:1 sediment/medium slurry in the 10 mL
vials and a 1:4 sediment/medium slurry in the 160 mL vials. The medium pH, salinity, sulfate,
and ammonium concentrations were adjusted according to the characteristics of the original

station’s porewater (average of 03 cm). Sediment slurry vials were incubated with ’'N-NO3-,
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358-S04%, and *C-CHj4 to measure nitrate and sulfate reduction and AOM rates, respectively.
Incubation experiments were conducted in the dark at 20 °C, simulating approximate in situ

conditions, and were placed on a shaking table at 60 rpm.

2.4.2 Determination of potential nitrate reduction rates

Potential nitrate reduction via denitrification and dissimilatory nitrate reduction to
ammonium (DNRA) and anammox rates were determined in in vitro incubations utilizing '>N-
NOs™ (sodium nitrate, > 98 atom % '°N, Sigma-Aldrich) and measuring the production of 3°Nj,
SNH,4", and 2Ny, respectively. Eighteen sediment slurry incubations in 160 mL glass serum vials
from Station NP2 (sampled 12 August 2024) were injected to target 187 uM "N-NO3,
simulating on-site water column nitrate concentrations. Half of the incubations were incubated
with N> only while the other half were incubated with N> + CH4 (saturated with methane). At 7,
18, and 24 hours, incubations were terminated in triplicate to form a time series. Killed controls
with autoclaved sediment slurry were incubated and terminated in triplicate at each time point.

Incubations were terminated by transferring 12 mL supernatant to N2-flushed 6 mL vials
(two vials per incubation; Exetainer®, Labco, Lampeter, UK) prepared with 0.05 mL of 7 M zinc
chloride for preservation until §!°N analysis using membrane inlet mass spectroscopy (Kana et
al., 1994). Two further 10 mL subsamples were filtered (polyethersulfone, 0.22 um) into 15 mL
plastic centrifuge tubes for potential DNRA rate and nitrate and nitrite concentrations
measurements. DNRA subsamples were frozen at -20°C for two weeks, thawed and processed to
oxidize ammonium to N>, and measured with membrane inlet mass spectroscopy (G. Yin et al.,
2014). Nitrate and nitrite concentrations were stored at 4°C and measured within one day

spectrophotometrically (Garcia-Robledo et al., 2014).

16



Potential nitrate reduction (denitrification and DNRA) and anammox rates were calculated
from the slope of the concentrations of 3°N,, '"’NH4", and 2°N>, respectively, across the time
series by fitting a linear regression divided by the bulk wet sediment volume. The linear
regressions utilized the killed controls’ average 8'°N for the initial time point, t = 0. Rates were

calculated using the following equations, assuming first-order kinetics, derived from Thamdrup

and Dalsgaard (2002):
(1) Ror =5y
(2) Rpnra = f:l:AV
() Ra=1oy

where Ropr is the denitrification rate, Ronra is the DNRA rate, and Ra is the anammox rate; P39,
P13 and P? are the production rates of **N», "’NH4", and 2N, respectively, from the linear
regressions in mol/day; fi is the fraction of N that is '’N-labeled; and V is the volume of the bulk
wet sediment in cm?. Production rates of 3°°N», '"’NH4"*, and 2°N; were then converted to ’'NOs-
consumption rates by factoring in the stoichiometric coefficient of denitrification and anammox
(2:1 for 'NO3:3'N; and 1:1 for "NOs3: N, respectively) and DNRA (1:1 for ’NO3:1NH4").
As incubations were initially nitrate-starved and all nitrate added was 'N-labeled, fx was
assumed to be 1. DNRA rates may be underestimated as "NH4" consumption rates are not

accounted for. Rates are expressed as nmol cm™ bulk wet sediment d!.

2.4.3 Determination of potential sulfate reduction rates
Potential sulfate reduction rates were determined in in vitro incubations utilizing radioactive,
carrier-free *3S-SO4% (dissolved in Milli-Q water, injection volume 20 pL, activity 204 kBq,
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specific activity 37 TBq mmol ') and measuring the production of *S-labeled total reduced
inorganic sulfur (**S-TRIS). Twelve sediment slurry incubations in 10 mL glass serum vials from
Station NP2 (sampled 12 August 2024) were divided into four treatments, in triplicate: (i) Na,
low nitrate; (ii) N2, high nitrate; (iii) N2+ CHa, low nitrate; and (iv) N> + CHa, high nitrate. N
incubations were flushed with N> only, while N2 + CH4 incubations were flushed with N> and
CHy (saturated with methane). Low and high nitrate amendments simulated the lowest and
highest nitrate concentrations previously measured in the Station NP2 water column, respectively
(see section 3.2.2). Incubations lasted 24 hours in total. Incubations were terminated by
transferring the slurry to 50 mL plastic centrifuge tubes filled with 20 mL of 20% w/w zinc
acetate solution, thoroughly shaking them, and freezing at -30 °C. Killed controls were prepared
immediately before incubations were terminated. Sulfate reduction rates were analyzed and
calculated according to the cold chromium distillation method (Kallmeyer et al., 2004).

The rate constant (ksr) for sulfate reduction and sulfate reduction rates (Rsr) were calculated

using the following equations, assuming first-order kinetics:

35S-TRIS

(4) ksr = 3S-TRIS + 358-SO.>

x 1
t

(5) Rsr = ksr * [SO47]

where *3S-TRIS is the amount of 3°S-labeled total reduced inorganic sulfur produced by sulfate
reduction (in counts per minute, cpm); *°S-SO4?" is the amount of injected 3°S-labeled sulfate
minus the amount that was reduced to 3>S-TRIS (cpm); t is the length of the incubation in days;
[SO4*] is the concentration of sulfate in the incubation vial in nmol cm™. Rates are expressed as

nmol cm™ bulk wet sediment d-!. Statistical significance in sulfate reduction rates between
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incubations with different treatments was assessed using unpaired, two-tailed Student’s t-test
(equal variances assumed). P < 0.05 was considered significant; variability was measured with +

lo.

2.4.4 Determination of potential AOM rates

Potential AOM rates were determined in in vitro incubations utilizing '*C-CH4 by
measuring the production of *C-labeled dissolved inorganic carbon (1#C-DIC). Sixteen sediment
slurry incubations in 10 mL glass serum vials from Stations NP1, NP2, NP3, and X (sampled 17
June 2025) were saturated with methane and divided into the following treatments in triplicate:
(1) nitrate-starved sediment slurry with no additional treatments (N-Starved); (i1) N-Starved
slurry with 30 mM molybdate (N-Starved + Mb), a competitive inhibitor for sulfate reduction
and associated S-AOM (Liu et al., 2025; Mostovaya et al., 2022); (iii) 0.5 mM NO3z™ amended
sediment slurry (N-Amended) to simulate nitrogen pollution (He et al., 2019), within
concentrations shown in section 3.1.2; and (iv) 0.5 mM NO3™ amended sediment slurry + 30 mM
molybdate (N-Amended + Mb). Incubations were injected with *C-CHj (dissolved in MilliQ,
injection volume 20 pL, ~2.5 kBq, specific activity 185 MBq mmol~!, American Radiolabeled
Chemicals, USA) and lasted 72 hours. Incubations were then terminated by transferring the
slurry to 50 mL glass serum vials with 20 mL 2.5% w/w sodium hydroxide. These vials were
quickly closed with rubber stoppers, sealed with aluminum crimps, and thoroughly shaken.
Killed controls were prepared immediately before incubations were terminated. AOM rates were
analyzed and calculated according to previous methods (Joye et al., 2004; Krause & Treude,

2021).
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The effect of nitrate amendment on total AOM (here defined as S-AOM + N-AOM +
N/S-independent AOM) was determined by comparing AOM rates in the N-Starved and N-
Amended treatments. The effect of nitrate amendment on N-AOM and N/S-independent AOM
was determined by comparing the N-Starved + Mb and N-Amended + Mb treatments. The effect
of nitrate on S-AOM was then extrapolated. Suggested relative contributions of S-AOM, N-
AOM, and N/S-independent AOM to total AOM (%) were determined for the N-Starved and N-

Amended treatments using the following equations, multiplied by 100 to convert to %:

N-Starved:

N-Starved + Mb treatment

(6) S-AOM: 1 —

N-Starved treatment
(7) N-AOM = 0

N-Starved + Mb treatment

(8) N/S-independent AOM:

N-Starved treatment

N-Amended:

If AOM rates in N-Starved + Mb and N-Amended + Mb treatments were significantly different:

N-Amended + Mb treatment

N-Amended treatment

(9) S-AOM: 1 —

N-Amended + Mb treatment — N-Starved + Mb treatment

(10) N-AOM:

N-Amended treatment

N-Starved + Mb treatment

(11) N/S-independent AOM:

N-Amended treatment

If AOM rates in N-Starved + Mb and N-Amended + Mb treatments were not significantly

different;

N-Starved + Mb treatment

(12) S-AOM: 1 —

N-Amended treatment
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(13)N-AOM = 0

N-Starved + Mb treatment

(14) N/S-independent AOM:

N-Amended treatment

If relative contributions were > 100% or < 0%, they were corrected to 100% and 0%,
respectively.

Another 21 sediment slurry incubations in 10 mL glass serum vials from Station NP3
(sampled 27 August 2025) were saturated with methane and divided into the following
treatments in triplicate: (i) nitrate-starved sediment slurry with no additional treatments (N-
Starved); (i1)) 10 mM anthraquinone-2,6-disulfonic acid disodium salt (+ AQDS); (iii) 30 mM
molybdate + 4 mM sulfide (+ Mb + S); (iv) 30 mM molybdate + 4 mM sulfide + 10 mM AQDS
(+ Mb + S + AQDS); (v) 30 mM molybdate + 4 mM sulfide + 60 mM 2-bromoethanesulfonate
(+ Mb + S + BES); (vi) 30 mM molybdate + 4 mM sulfide + 60 mM BES + 100 uM 1,7-
octadiyne (+ Mb + S + BES + O); and (vii) 30 mM molybdate + 4 mM sulfide + 60 mM BES +
0.1 g/L penicillin—streptomycin ((+ Mb + S + BES + ANTI) . Incubations were injected with
14C-CHys (gaseous, injection volume 10 pL, ~20 kBq, specific activity 185 MBq mmol !,
American Radiolabeled Chemicals, USA). Gaseous "“C-CHa4 was used instead of dissolved '*C-
CHa4 for greater measurement sensitivity. The incubations were terminated following the same
methods previously outlined.

AQDS was utilized as an artificial electron acceptor and analogue for microbially reducible
humic substances (Scheller et al., 2016; Valenzuela et al., 2017). Sulfide was utilized to pre-treat
sediment (prior to incubation experiments) to consume microbially reducible iron(III) (see
section 2.3) and inhibit iron reduction as well as associated iron dependent-AOM (Liu et al.,

2025). 4 mM sulfide was the minimum concentration at which dissolved sulfide concentrations

21



stabilized and were measurable in sediment slurry (~100 pM), indicating that readily reducible
oxidants had been exhausted. BES was utilized as a competitive inhibitor of methyl-coenzyme M
reductase in ANME and methanogens, inhibiting associated AOM, methanogenesis, and
methane-derived dissolved organic carbon (DOC) production (Krause & Treude, 2021; Maltby et
al., 2018). 1,7-octadiyne was utilized as a pMMO inhibitor, inhibiting associated aerobic
methane oxidation and methane-derived DOC production (Sakoula et al., 2022; Wissink et al.,
2024). Penicillin-streptomycin was utilized to stop all bacterial activity, including associated
aerobic methane oxidation and methane-derived DOC production (Peng et al., 2021). Humics-
AOM rates were determined by comparing the AQDS-treated incubations (+ AQDS and + Mb +
S + AQDS) with control treatments (N-Starved and + Mb + S). The treatments including
molybdate and sulfide (all treatments with + Mb + S) inhibited sulfate and iron reduction, and
associated S-AOM and iron-dependent AOM, potentially diverting some ANME to utilize
alternative electron acceptors — here, humic substances, including AQDS.

The rate constant (kaom) for AOM and AOM rates (Raom) were calculated using the

following equations, assuming first-order kinetics:

14C-DIC
14C-DIC + “C-DOC + C-CH4

(15) kaom =

x 1
t

(16) Raom = kaom * [CH4]

where “C-DIC is the amount of '*C-labeled DIC produced by AOM (cpm); *C-DOC is the
amount of *C-labeled DOC produced from methane (cpm); '*C-CHys is the amount of residual
14C-labeled methane (cpm); t is the length of the incubation in days; [CH4] is the concentration of

methane in the incubation vial in nmol cm™. [CH4] was measured from killed sediment slurry
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vials according to the procedure detailed in section 2.3. AOM rates are expressed as nmol cm™

bulk wet sediment d-!.

2.4.5 Determination of potential methane-derived DOC production rates

Potential rates for methane-derived DOC production were measured from Station NP3
sediment slurry (sampled 27 August 2025) by modifying Joye et al. (2004) with the following
adjustments. After '*C-DIC was extracted via acidification (Joye et al., 2004), the supernatant
from the acidified sediment slurry was subsampled and processed similarly to SW-846 Test
Method 9060A: Total Organic Carbon to isolate *C-DOC (United States Environmental
Protection Agency, 2004). First, the supernatant was filtered (polyethersulfone, 0.22 pm) and
transferred to 15 mL plastic centrifuge tubes to remove “C-biomass. The supernatant was then
purged for 10 minutes to ensure any remaining C-DIC was removed. The purged supernatant
was neutralized and centrifuged at 4300xg for 20 minutes to separate supernatant from
precipitates. The remaining supernatant was then subsampled, mixed with 10 mL scintillation
cocktail (Ultima Gold XR, Perkin Elmer) and measured with liquid scintillation counting. As the
sample was previously acidified, volatile organic carbon may have been lost, and reported rates
of *C-DOC production may be underestimated.

Methane-derived DOC production rates were determined by comparing treatments with
active methanotrophy (N-Starved, + AQDS, + Mb + S, and + Mb + S + AQDS) with negative
control treatments (+ Mb + S + BES, + Mb + S + BES + O, and + Mb + S + BES + ANTI). The
+ Mb + S + BES treatment served as a negative control where methanotrophy due to ANME was
inhibited as well as DOC consumption due to sulfate and iron reduction and methanogenesis.

The + Mb + S+ BES + O and + Mb + S + BES + ANTI treatments served as negative controls

23



where all methanotrophic activity (aerobic and anaerobic) was inhibited as well as DOC
consumption due to sulfate and iron reduction and methanogenesis.

The rate constant (kmpp) for methane-derived DOC production and methane-derived DOC
production rates (Rmpp) were calculated using the following equations, assuming first-order

kinetics:

14C-DOC 1

4C-DIC + “C-DOC + 4C-CHs  t

(17) kmpp =

(18) Rmpp = kvt * [CH4]

Methane-derived DOC production rates are expressed as pmol cm™ bulk wet sediment d-!.
Statistical significance in AOM and methane-derived DOC production rates between incubations
with different treatments was assessed using unpaired, two-tailed Student’s t-test (equal

variances assumed). P < 0.05 was considered significant; variability was measured with + 1c.

2.4.6 Abiotic tracer turnover
To correct for abiotic stable (!°N-NOs") and radiotracer (**S-SO4* and '*C-CH4) turnover,
reported metabolic rate values are at least the mean tracer turnover in the killed controls plus one

standard deviation of the killed control values.
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3. Results

3.1 Sediment and water column geochemistry profiles
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A B nNitrite (um) C  Nitrate (uM) D aAmmonium M) E  suifate mm)
0 5 10 15 20 500 1000 1500 2000 0 100 200 300 400 O 10 20 30
(" 0o ° ° oo o
. I.//.I k ‘
s ° 5
£ 2 »
- 3 o o g
3
o o
= 4
5 T T T T T T T
0.0 25 50 75 10000 25 50 75 100 0 10 20 30 40
Methane (1M) Salinity (g kg™')
F Station NP2 G H | J
.'I> 1.0 |‘5 2p SP IqO |§O 200 1?0 2(]]0 3{?0 4(?0 0 |,O ZIO 30
'('] ] o o ) » o
£, Q
§
2 :
g 3 :
Q 4
5 T T T T T T T T T
0.0 25 5.0 75 10000 25 50 75 100 0 10 20 30 40
L M N o
5 10 15 2l0 1(?0 290 300 4(‘)0 100 200 3[?0 4(?0 0 |‘O 20 30
'(" @ ° o o )
£° B .
s ° £
£ 2 »
= ° H
8s 4 8
4
0.0 25 5.0 75 10000 25 50 75 100 0 10 20 30 40
Q R S T
? 10 1‘5 210 5‘0 190 |§O 2?0 1(‘)0 2(])0 390 4(?0 0 ‘:O 2|0 30
eg FE— °
E 0
s ; °
= k
- o
g 3
Q 4
00 25 50 75 10000 25 5.0 75 100 0 10 20 30 40
\' w X Y
5 10 15 Zp 50 H‘)O |§0 200 100 200 390 4(?0 0 1‘0 20 30
; ° oo » ® o0
£, °
S o
c2 e
g3
Q4
00 25 50 75 10000 25 50 75 100 0 10 20 30 40
z StationX AA AB AC AD
.? 10 |‘5 29 5‘0 190 |§O 290 190 290 3(?0 490 0 |’O 2|0 30
1 Bo a
-0
51 £
s ° £
£2 4
g3 8
Q 4
0.0 25 5.0 75 10000 25 50 75 100 0 10 20 30 40

Sample type: @ Water Column @ Supernatant and Porewater € Drainage Pipe Water

Figure 2. Water column and sediment porewater analyses. Geochemical parameters (nitrite,
nitrate, ammonium, methane, sulfate, and salinity) determined in water column samples

(negative depth) and sediment porewater (down to 5 cm depth) at the four Carpinteria Salt Marsh
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Reserve Stations NP1, NP2, NP3, and X. Each row delineates an individual sediment core.
Sampling dates for a given sediment core are recorded on the right side of the figure. Note that
sediment cores were collected on multiple dates for Stations NP2 and NP3. A, F, K, P, U, Z:
Sediment cores photos (with scale); B, G, L, Q, V, AA: nitrite concentrations; C, H, M, R, W,
AB: nitrate concentrations; D, I, N, S, X, AC: ammonium and methane concentrations; E, J, O,
T, Y, AD: sulfate concentrations and salinity. Note scale changes on the x-axis and split x-axis
scaling for nitrate concentrations (C, H, M, R, W, AB). Note that for Station X average sediment

porewater ammonium concentrations (across 0-3 cm) are given due to limited porewater (AC).

3.1.1 Salinity and sulfate concentrations

Sediment porewater (0—4 cm) and water column salinity and sulfate concentrations varied
across the stations (Fig. 2E, J, O, T, Y, AD). Note that two concentration ranges are given for
Stations NP2 and NP3 as sediment cores were collected on two dates each. The Station NP1
water column was slightly brackish (1 g kg™! salinity, 2 mM SO4*’) and porewater conditions
were low-brackish (4-8 g kg! salinity, 3-7 mM SO4?). The Station NP2 water column ranged
from freshwater on 12 August 2024 (0 g kg™! salinity, 0 mM SO4?") to mid-brackish on 17 June
2025 (10 g kg™! salinity, 8 mM SO4*). Porewater conditions were consistently mid-brackish on
both dates: 11-16 g kg! salinity, 11-14 mM SO4* and 19-21 g kg™! salinity, 15 mM SO4*. The
Station NP3 water column was mid-brackish on both 17 June 2025 (18 g kg™! salinity, 13 mM
SO4*) and 27 August 2025 (17 g kg™! salinity, 8 mM SO4>). Porewater conditions were high-
brackish on 17 June 2025 (27-30 g kg™! salinity, 20-24 mM SO4?>) and 27 August 2025 (25-35 ¢
kg! salinity, 20-25 mM SO4?). The Station X water column (35 g kg™! salinity, 27 mM SO4*)

and porewater (36 g kg! salinity, 26-27 mM SO4*) were approximately marine.

26



Stations NP1, NP2, and NP3 had lower salinity in the water column (1, 0-10, and 17-18 g
kg! salinity, respectively) as compared to the porewater (4-8, 11-21, 25-35 g kg™! salinity,
respectively) (Fig. 2 E, J, O, T, Y). Additionally, the water column of Stations NP1, NP2, and
NP3 had comparatively lower sulfate concentrations (2, 0-8, and 8-13 mM SO4?", respectively)
than the porewater (3—7, 11-15, and 20-25 mM SO4*, respectively). Generally, there was a
steady increase in salinity and sulfate concentrations with sediment depth starting at 0—1 cm (4,
11-20, and 25-27 g kg! salinity; 4, 11-15, and 20 mM SO4?) and increasing up to 2-3 cm (8,
16-21, and 29-30 g kg! salinity; 7, 14-15, and 22-24 mM SO4*) for Stations NP1, NP2, and
NP3, respectively. At all stations, there were similar trends in salinity and sulfate concentrations

in the water column and in porewater across sediment depth.

3.1.2 Inorganic nitrogen concentrations

Water column nitrate and nitrite concentrations were higher at the nitrogen-polluted stations
(Stations NP1, NP2, NP3) relative to Station X which was not nitrogen-polluted. Note the
difference between nitrate, a dominant component of nitrogen pollution, and nitrite, an
intermediate in nitrate reduction, as both are discussed below. At Stations NP1, NP2, and NP3,
water column nitrate was high (95-1903 uM NOs) and declined in the sediment core
supernatant (28-978 uM NOs") (Fig. 2 C, H, M, R, W), while low nitrite was detected in both the
water column (0-3.9 uM NOy") and supernatant (0—20 uM NO>") (Fig. 2 B, G, L, Q, V). In
contrast, Station X had low water column nitrate (4.4 uM NO3") that rose slightly in the
supernatant (18 uM NOs3") (Fig. 2 AB) and no detectable nitrite (Fig. 2 AA).

Sediment porewater nitrate (0—5 cm) was considerably lower (0—5.9 uM NO3") than in the

overlying water at Stations NP1, NP2, and NP3 but stayed above detection within 0-3 cm,
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indicating nitrate penetration (Fig. 2 C, H, M, R, W). At Station NP1, nitrate and nitrite were not
detected within 0—1 cm but were detectable at 1-4 and 2—4 cm, respectively (Fig. 2 B, C). The
sediment core exhibited bioturbation in the upper 5 cm (Fig. 2 A) which may have driven nitrate
deeper than diffusion could alone. Nitrite was below detection within 0—3 cm at Stations NP2
and NP3.

Water column and sediment core supernatant NH4* concentrations were consistently low (< 3
and < 14 pM, respectively) across all stations, whereas porewater NH4" profiles (0—5 c¢cm) varied
between 0-388 uM (Fig. 2D, I, N, S, X, AC). NH4" decreased slightly with sediment depth at
Station NP1 on 17 June 2025 and at Station NP2 on 12 August 2024, increased slightly at Station
NP2 on 17 June 2025, and increased at Station NP3 on both sampling dates (17 June 2025 and
27 August 2025). At Station X, limited sample volume permitted only determination of the
average NH4" concentration in the top 0-3 cm.

Note that water column samples were oxic; thus, concentrations of oxygen-sensitive nitrogen

species (ammonium and nitrite) may have been underestimated due to abiotic oxidation.

3.1.3 Methane concentrations
Sediment methane concentrations (0—4 cm) were consistently low (between 0.9 to 9.1

uM) across the stations, with no clear trend (Fig. 2 D, I, N, S, X, AC).

3.1.4 Solid-phase poorly crystalline iron(Il) and iron(IIl) concentrations
Solid-phase poorly crystalline iron(II) and (microbially reducible) iron(III) concentrations
were evaluated from Station NP3 sediment (0—4 cm) to assess how much microbially reducible

iron(IIl) was available for iron-dependent AOM in Station NP3 incubations (Fig. 3). On average,
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the concentration of microbially reducible iron(III) was ~7 pmol g*!, an order of magnitude less

than that of poorly crystalline iron(Il) (Fig. 3B).
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Figure 3. Solid-phase poorly crystalline iron minerals in Station NP3 sediment.
Geochemical depth profile determined in a sediment core collected from Station NP3 on 27
August 2025. A: sediment core photo (with scale). B: content of solid-phase poorly crystalline

iron(IIl) and iron(II) minerals.

3.2 Potential microbial metabolic rates
3.2.1 Potential denitrification, DNRA, and anammox rates

Trends in nitrate consumption over time due to potential denitrification, DNRA, and
anammox in Station NP2 sediment (0-3 cm) slurry incubations are shown in Figure 4. Potential
rates (nmol NOs~ cm bulk wet sediment d') under N> only and N> + CH4 treatments,

respectively, were 301 = 15 and 330 = 16 for denitrification, 265 + 26 and 290 + 36 for DNRA,
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and 7.7 £ 0.7 and 9.1 £ 0.7 for anammox. There was no significant difference in nitrate
consumption between N> only and N> + CH4 treatments which did not provide evidence for N-
AOM (p > 0.05). One DNRA incubation (N2 + CHa, 24 hours, Replicate 3) was excluded from
measurement due to excessive precipitate formation following reaction with hypobromite iodide
which posed a risk of equipment clogging.

Across the incubations, nitrate concentrations decreased steadily over time with minor
nitrite accumulation consistent with nitrate reduction (Table 3). One killed control sample for
nitrate and nitrite concentrations was lost (N2, 17 hours, Killed Control 1), but five other killed
controls at the same time point were sampled and are listed. On average, killed controls showed
no decrease in nitrate concentration with time, but minor nitrite accumulation was detected.
However, there was no detectable denitrification, DNRA, or anammox (no *’N,, "NH4*, and
2N, production, respectively) in the killed controls. This nitrite accumulation may be attributed
to low rates of abiotic nitrate reduction associated with sterilization via autoclaving and zinc

chloride (Buessecker et al., 2019; Ostrom et al., 2016).
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Figure 4. Linear regressions of nitrate consumption over time in Station NP2 sediment
slurry incubations. Sediment (0-3 cm) was collected on 12 August 2024. A: ’'NOj3
consumption due to 3°N» production (denitrification); B: "NOs~ consumption due to "NH4*
production (DNRA); C: >NOs™ consumption due to 2?N» production (anammox). Denitrification,
DNRA, and anammox rates were calculated by dividing the linear regressions by bulk wet
sediment volume (see section 2.3.2). Incubations with N; are shown in blue; incubations with N>
+ CHg are shown in orange. Linear regressions are plotted with 95% confidence intervals and
their respective equations, R?, and p-values are shown in the top left. Note scale changes on the

y-axis.

Table 3. Changes in nitrate and nitrite concentrations (M) in nitrate reduction rate
incubations over time. Incubations were treated with ~187 uM '"N-NOj", though actual
treatments differed slightly between each incubation (see killed controls below). Prior to

treatment, nitrate and nitrite concentrations were below the detection limit (< 0.5 uM).

Incubation ID Replicate (#) Time (hours) Nitrate (uM)  Nitrite (uM)
N>, Killed Control 1 7 185 0.6

N>, Killed Control 2 7 209 1

N>, Killed Control 3 7 207 0.5

N2 + CHy, Killed Control 1 7 180 0

N2 + CHy, Killed Control 2 7 195 0

N2 + CHg, Killed Control 3 7 192 0.6
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Incubation ID Replicate (#) Time (hours) Nitrate (uM)  Nitrite (uM)
N, Live 1 7 178 1.5
N, Live 2 7 119 1.5
N, Live 3 7 167 2.4
N2 + CHag, Live 1 7 177 1.8
N2 + CHag, Live 2 7 151 1.6
N2 + CHag, Live 3 7 171 1.7
N>, Killed Control 1 18 - -
N, Killed Control 2 18 218 3.7
N, Killed Control 3 18 174 1.6
N2 + CHy, Killed Control 1 18 187 0.8
N2 + CHg, Killed Control 2 18 170 3.9
N2 + CHg, Killed Control 3 18 171 2.9
N, Live 1 18 51 1
N, Live 2 18 72 23
N, Live 3 18 57 2.5
N2 + CHag, Live 1 18 51 1.9
N2 + CHag, Live 2 18 72 2.5
N2 + CHag, Live 3 18 87 23
N>, Killed Control 1 24 204 5.2
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Incubation ID Replicate (#) Time (hours) Nitrate (uM)  Nitrite (uM)

N>, Killed Control 2 24 170 3.8
N, Killed Control 3 24 182 4.2
N> + CHa4, Killed Control 1 24 178 2.4
N2 + CHg, Killed Control 2 24 189 34
N> + CHa4, Killed Control 3 24 195 2.2
N3, Live 1 24 0.0 0.5
N, Live 2 24 3 1.5
N, Live 3 24 0.0 1.2
N2 + CHag, Live 1 24 0.0 1

N2 + CHag, Live 2 24 10 2.1
N2 + CHag, Live 3 24 3 1.4

3.2.2 Potential sulfate reduction rates at contrasting nitrate concentrations

Potential sulfate reduction rates in Station NP2 sediment (0—3 cm) slurry incubations
ranged between 178 + 37.9 and 291 + 23.2 nmol cm™ bulk wet sediment d! (Fig. 5A, B). At both
low and high nitrate amendments, there was no significant difference in sulfate reduction rates

between N> only and N> + CHj4 incubations (p = 0.518 and 0.120, respectively).
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Figure 5. Rates of potential sulfate reduction determined in Station NP2 sediment slurry
incubations. Sediment (0-3 cm) was collected on 12 August 2024. Low and high nitrate
amendments (8 and 803 pM NOs"), simulated lowest and highest measured nitrate pollution,
respectively. Incubations with N> are shown in blue; incubations with N, + CH4 are shown in
orange. Individual replicates are shown as yellow diamonds. Standard deviation is plotted as +

lo.

3.2.3 Effect of nitrate amendment on potential AOM rates

Across the stations, potential AOM rates in sediment (0—3 cm) slurry incubations ranged
from 0.16 to 4.66 nmol cm™ bulk wet sediment d™!' (Fig. 6, A, B, C, D). For Station NP1, the N-
Amended treatment had lower AOM rates, on average, relative to the N-Starved treatment. For
Stations NP2 and NP3, the N-Amended treatment had significantly lower AOM rates relative to

the N-Starved treatment (p < 0.05). Station X, which was the furthest from the nearest drainage
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pipe (~375 m straight line distance), did not exhibit a significant difference in AOM rates

between the N-Amended and N-Starved treatments (p = 0.57). The molybdate (+ Mb) treatment

for Stations NP1, NP2, and NP3 exhibited significantly lower AOM rates than the N-Starved

treatment (p < 0.05), suggesting S-AOM was present. Station X exhibited significantly higher

AOM rates in the + Mb treatment relative to the N-Starved treatment (p < 0.05) which did not

provide evidence for S-AOM.
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N-Starved + Mb
N-Amended
N-Amended + Mb
0.0 05 10 15
AOM rate (nmol cm™2d™")
D
Station X
N-Starved
N-Starved + Mb
N-Amended
N-Amended + Mb
0.0 05 10 15

AOM rate (nmol em2d! )

Figure 6. Rates of potential AOM determined in all station sediment slurry incubations.

Sediment (0-3 cm) was collected from Stations NP1 (A), NP2 (B), NP3 (C), and X (D) on 17

June 2025. N-Starved refers to nitrate-starved, untreated sediment slurry; N-Starved + Mb refers

to N-Starved slurry with molybdate treatment; N-Amended refers to nitrate-amended sediment
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slurry; and N-Amended + Mb refers to N-Amended slurry with molybdate treatment. Individual

replicates are shown as yellow diamonds. Standard deviation is plotted as + 1c.

The relative contributions of S-AOM at Stations NP1, NP2, and NP3 decreased with
nitrate amendment (-40%, -32%, and -9%, respectively) while the relative contribution of N/S-
independent AOM increased (+27%, +32%, +11%, respectively) (Fig. 7 A, B). In N-Amended
incubations, N-AOM contributed to total AOM only at Station NP1 (~16%) (Fig. 7B). N/S-
independent AOM contributed ~100% of total AOM at Station X which did not change with

nitrate amendment (Fig. 7A, B).

N-Starved N-Amended

A Station NP1 Station NP2 Station NP1 Station NP2

[ X

) @

Cc Station NP3 Station X Station NP3 Station X

D [ X

B s-aom [l N-Aom [l “N/S-independent AOM

Figure 7. Suggested relative contributions of AOM pathways in all station sediment slurry
incubations. Suggested relative contributions of S-AOM, N-AOM, and N/S-independent AOM

to total AOM in N-Starved incubations (left panel) and N-Amended incubations (right panel).
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Sediment (0-3 cm) was collected from Stations NP1 (A, E), NP2 (B, F), NP3 (C, G), and X (D,

H) on 17 June 2025. Corresponding quantitative rates are shown in Figure 6.

3.2.4 Potential humics-dependent AOM and methane-derived DOC production rates

In Station NP3 sediment (0—3 cm) slurry incubations, there was no significant difference
in AOM rates between the N-Starved and + AQDS treatments (p = 0.15) (Fig. 8A). AOM rates
were significantly higher in the + Mb + S + AQDS treatment in comparison to the + Mb + S
treatment (p < 0.05), indicating that humics-AOM was active when sulfate and iron reduction
were inhibited.

Methane-derived DOC production rates ranged from 0-21 pmol cm™ bulk wet sediment
d!. Rates in treatments with active methanotrophy (N-Starved, + AQDS, + Mb + S, and + Mb +
S + AQDS) were significantly higher than in negative controls (+ Mb + S + BES, + Mb + S +
BES + O, and + Mb + S + BES + ANTI) (p < 0.05), indicating methane-derived DOC production
(Fig. 8B). Among the treatments with active methanotrophy, rates were significantly higher in
the + AQDS, + Mb + S, and + Mb + S + AQDS treatments relative to the N-Starved treatment (p
< 0.05). Rates significantly decreased with + BES treatment, an AOM and methanogenesis
inhibitor, suggesting that methane-derived DOC production may be attributed to ANME or
canonical methanogens (p < 0.05). Treatments with + O and + ANTI did not significantly change
methane-derived DOC production rates relative to + BES treatment which did not provide
evidence for methane-derived DOC production linked to aerobic methanotrophy (p = 0.10 and p

=0.15).
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Figure 8. Rates of potential AOM (A) and potential methane-derived DOC production (B)
determined in Station NP3 sediment slurry incubations. Sediment (0-3 cm) was collected on
27 August 2025. N-Starved refers to NO3™ starved, untreated sediment slurry; + AQDS refers to
AQDS treatment; + Mb + S refers to treatment with both molybdate and sulfide; + Mb + S +
AQDS refers to treatment with molybdate, sulfide, and AQDS; + Mb + S + BES refers to
treatment with molybdate, sulfide, and BES; + Mb + S + BES + O refers to treatment with
molybdate, sulfide, BES, and 1,7-octadiyne; + Mb + S + BES + ANTI refers to treatment with
molybdate, sulfide, BES, and penicillin—streptomycin. Individual replicates are shown as yellow

diamonds. Note scale changes on the y-axis. Standard deviation is plotted as + 1c.
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4. Discussion

This study utilized sediment slurry incubations with stable (:’N-NO3") and radiotracer
(*C-CHjs and *S-S04%) to assess the effects of nitrate in nitrogen pollution on AOM in CSMR
sediments (0—3 cm). It is important to note that conditions in slurry incubations were altered
relative to in situ environmental settings, which has the potential to shift the dynamics of
metabolic processes and microbial communities. However, by implementing substrate and
inhibitor treatments, we may elucidate the effects of nitrate amendment on total AOM and
constituent AOM pathways (N-AOM, S-AOM, and N/S-independent AOM). We hypothesized
that (1) nitrate amendment stimulates N-AOM, simultaneously supporting methane and nitrate
removal, (2) in nitrate-amended sediments, S-AOM is suppressed but total AOM is not, and (3)
in the absence of classical electron acceptors, humic substances may serve as an electron
acceptor for AOM. The following discussion evaluates the hypotheses based on the results of

this study and previous research.

4.1 Combined influence of tidal and drainage water input

Tidal and freshwater drainage influenced salinity, sulfate, and nitrate concentrations in the
water column and sediment porewater (0—3 cm) at each station. The nitrogen-polluted station
(Stations NP1, NP2, and NP3) water columns and porewater were lower in salinity and sulfate
concentrations (low to high-brackish) than the marine Station X (see section 3.1.1 and Fig. 2E, J,
O, T, Y, AD). Furthermore, the nitrogen-polluted stations had higher water column nitrate
concentrations (95-1903 uM NOs") than the marine Station X (4.4 uM NO3") (Fig. 2 C, H, M, R,

W, AB). Tidal input likely drove salinity and sulfate concentrations at each station, while
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drainage water diluted tidally derived salinity and sulfate and supplied nitrate to the overlying
water column and porewater.

At Station X, which was furthest from a drainage pipe (~375 m straight line distance) (Fig.
1), the tidal input signal dominated. Both the Station X water column and porewater retained
marine conditions (35-36 g kg™! salinity, 26-27 mM SO4>") with low water column nitrate
concentrations (4.4 pM NOs") and no nitrate in porewater, suggesting that drainage water input
was very low to absent (Fig. 2E, J, O, T, Y, AD). Conversely, at stations directly connected to
drainage pipes (Station NP1 and NP2), the drainage water signal was comparatively stronger and
diluted tidal input with low to mid-brackish water column (0-10 g kg! salinity, 0-8 mM SO4%")
and porewater (4-21 g kg™! salinity, 3—15 mM SO4%) conditions and higher water column (188—
1903 uM NO3") and porewater (0—5.9 uM NO3") nitrate (Fig. 2 C, H, M, R, W, AB). Station NP3
was more strongly tidally influenced (mid to high brackish conditions) than Stations NP1 and
NP2, likely because it was ~70 m straight line distance away from the nearest drainage pipe
while Stations NP1 and NP2 which were directly connected to drainage pipes (Fig. 1).

Salinity and sulfate concentrations increased with sediment depth at the nitrogen-polluted
stations, suggesting that CSMR sediment, despite drainage water dilution, retains a progressively
stronger tidal signal with sediment depth like other coastal wetlands (Gardner, 2007; Moffett et
al., 2010). Collectively, each station’s water column and porewater salinity, sulfate, and nitrate
concentrations likely indicated the frequency and intensity of tidal and drainage water input (Fig.

2).

4.2 N-AOM activity

4.2.1 N-AOM and its contribution to total nitrate reduction and total AOM

41



The first goal of this study was to evaluate if nitrate pollution stimulated N-AOM and
supported nitrate and methane removal via nitrate reduction and AOM, respectively. Similarly to
previous studies (Baker, 1992; Howarth et al., 1996), nitrate was the dominant form of nitrogen
pollution in the CSMR water column with nitrate concentrations strongly exceeding nitrite and
ammonium concentrations (Fig. 2). Nitrate was also the dominant inorganic nitrogen component
in drainage pipe water samples taken from Stations NP1 and NP2.

Through radiotracer incubations with *C-CHs, N-AOM was detectable at Station NP1 at
~0.15 nmol cm™ d'!; however, only when sulfate reduction was inhibited (Fig. 6). N-AOM was
not detectable in any treatments from Stations NP2, NP3, and X. Indeed, previous studies did not
detect microbes capable of N-AOM at Stations NP2 and NP3 (Krause et al., 2025). Additionally,
detectable N-AOM only in the station with the lowest salinity and sulfate (Station NP1) agrees
with previous findings that N-AOM activity negatively correlates with increasing salinity (F.
Chen et al., 2021; Frank et al., 2023; Shen et al., 2016) and sulfate (Wang et al., 2019). N-AOM
at Station NP2 was also assessed through >'N-NOj" incubations and was not detectable (Fig. 4)
but demonstrated nitrate reduction rates three orders of magnitude greater than AOM. The lack
of N-AOM at Station NP2 could be attributed to organoclastic nitrate reduction fueled by labile
organic matter outcompeting N-AOM for nitrate (Legierse et al., 2023). In summary, our
combination of *C-CH4 and '’N-NOs" incubations suggest that nitrate amendment stimulated N-
AOM at Station NP1, but not at Stations NP2, NP3, and X.

N-AOM has been shown to remove 0.1-14.6% nitrate (F. Chen et al., 2021) and 2.0-9.5%
CH4 (Hu et al., 2014; W. Yang et al., 2023) in coastal wetlands sediments. We studied total
nitrate reduction rates (potentially linked to multiple electron donors, including organoclastic

nitrate reduction and N-AOM) only at Station NP2. Assuming total nitrate reduction rates were
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at similar orders of magnitude at Stations NP1 and NP2, N-AOM in Sation NP1 would be four
orders of magnitude less than total nitrate reduction (Figs. 4, 6). Based on the theoretical ratio of
1 mol CH4 oxidized with 4 mol NO3™ (Table 1), N-AOM would contribute ~0.10-0.11% of
nitrate removal at Station NP1. This contribution would be at the lower end of the range
proposed by Chen et al. (2021).

While nitrate reduction rates were not studied through incubation experiments at Stations
NP1, NP3, and X, the presence of nitrate in the station water columns and decline of nitrate
within the first few cm of sediment suggests that nitrate was quickly consumed in nature (Fig.
2C, R, W, AB). In the most extreme example, nitrate concentrations at Station NP1 decreased
from 1903 uM NOs™ in the water column to below the detection limit in the first cm of sediment,
potentially indicating robust nitrate consumption (Fig. 2C). Furthermore, nitrite, an intermediate
in nitrate reduction, was detectable in the water columns and sediment core supernatant and
porewater from nitrogen-polluted stations (Fig. 2B, G, L, Q, V). Thus, based on the porewater
profiles, nitrate consumption was likely active at all stations, but N-AOM ranged from absent
(Stations NP2, NP3, X) to a minor contributor to total nitrate removal (~0.10-0.11% at Station
NP1) via nitrate reduction. Because N-AOM was not detected at Stations NP2, NP3, and X, it
did not contribute to methane removal (Figs. 6, 7). At Station NP1, N-AOM contributed ~16% of
methane removal in nitrate-amended incubations (Fig. 7). This contribution from Station NP1 is
higher than ranges proposed by previous studies (2.0-9.5% CH4) (Hu et al., 2014; W. Yang et
al., 2023), while the contributions from Stations NP2, NP3, and X are 0.

The absence of N-AOM activity at Stations NP2 and NP3 could be attributed to the absence
of N-AOM capable microbes. A previous study in CSMR did not detect NC10 bacteria or

ANME-2d at Stations NP2 and NP3 (Krause et al., 2025), while Station X was not tested.
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Additionally, the activity and abundance of N-AOM microbes have been shown to decline with
increasing salinity (F. Chen et al., 2021; Frank et al., 2023; Shen et al., 2016) and sulfate
concentrations (Wang et al., 2019). Given the mid-brackish to marine conditions at Stations NP2,
NP3, and X, salinity and sulfate concentrations could partially account for absent N-AOM.
Conversely, the low-brackish conditions at Station NP1 may have been sufficiently low in
salinity and sulfate for N-AOM to occur. However, a recent global synthesis (Dai et al., 2025)
reported that N-AOM rates in coastal (12.7 + 2.2 nmol g d') and freshwater (10.6 = 1.7 nmol g
' d'") environments were not significantly different despite the differing salinity conditions.
Another explanation is that organoclastic nitrate reducers outcompeted N-AOM microbes (if
present) for nitrate (Legierse et al., 2023), suppressing N-AOM. Station NP1 had the highest on-
site water column nitrate concentrations (1903 pM NOs") (Fig. 2C) which may have kept nitrate
non-limiting and facilitated low N-AOM activity (~0.15 nmol cm™ d!) alongside organoclastic
nitrate reducers. These findings partially support the first hypothesis that nitrate amendment
stimulates N-AOM, simultaneously supporting methane and nitrate removal, but only if
environmental factors (e.g. presence of N-AOM microbes, salinity, sulfate concentrations,

microbial competition, and on-site nitrate concentrations) facilitate N-AOM.

4.2.2 Relative prominence of denitrification, DNRA, and anammox

Stable-isotope incubations with ’N-NOs showed that nitrate reduction rates (301 + 15 to
330 + 16 and 265 + 26 to 290 + 36 nmol cm™ bulk wet sediment d! for denitrification and
DNRA, respectively) from Station NP2 sediments were similar to or one order of magnitude
lower than rates reported for other nitrogen-polluted coastal wetlands (Bourceau et al., 2023;

Koop-Jakobsen & Giblin, 2010; Laverman et al., 2006, 2007). Anammox rates (7.7 + 0.7 to 9.1 £
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0.7 nmol cm™ bulk wet sediment d') were similar to those reported for other nitrogen-polluted
coastal wetlands (Hou et al., 2015; Koop-Jakobsen & Giblin, 2009) and contributed only a minor
fraction of total nitrate consumption relative to denitrification. When compared directly,
denitrification and DNRA occurred at similar rates, while anammox rates were roughly two
orders of magnitude lower.

Denitrification has been shown to exceed DNRA under high nitrate and low organic
carbon conditions (Handler et al., 2022; van den Berg et al., 2016) while DNRA dominates when
nitrate is the limiting substrate (Riitting et al., 2011; Tiedje et al., 1983). Here, denitrification and
DNRA rates were within the same order of magnitude despite amended nitrate concentrations
(187 uM) (Fig. 4). One possible explanation is that sufficiently high DOC concentrations
stimulated DNRA. DNRA may be favored over denitrification at C:NOz > 12 (Friedl et al.,
2018; S. X. Yin et al., 2002). The relative abundance of denitrifying and DNRA microbes may
also be relevant (Fazzolari et al., 1990; Tiedje et al., 1983). Alternatively, a recent study
demonstrated similar denitrification and DNRA rates in closed-system incubations supplied with
both nitrate and sulfate due to metabolic versatility in sulfate-reducing microbes (Bourceau et al.,
2023). The study suggested that some sulfate-reducing microbes may switch to DNRA in the
presence of nitrate, stimulating DNRA rates (Bourceau et al., 2023). Sulfate-reducing microbes
switching to DNRA may have then contributed to the similar order of magnitude in DNRA and
denitrification at Station NP2. Desulfobacterales, a canonical sulfate-reducing bacterial class
with a key marker gene for DNRA (Bourceau et al., 2023), was previously detected at Stations
NP2 and NP3 with a relative abundance of ~10% (Krause et al., 2025). We suggest that microbes
within Desulfobacterales were responsible for part of the DNRA rates at Station NP2 incubations

treated with '>N-NOj-, thereby yielding denitrification and DNRA rates of similar magnitude.
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4.2.3 Sulfate and nitrate reduction dynamics

Sulfate reduction rates from Station NP2 sediment (178 +37.9 to 291 + 23.2 nmol cm
bulk wet sediment d!), determined in radiotracer incubations with 3*S-SO4?-, were within the
range of other nitrogen-polluted coastal wetlands (Bourceau et al., 2023; Laverman et al., 2012).
Interestingly, sulfate and nitrate reduction rates were within the same order of magnitude (~200
and ~600 nmol cm™ bulk wet sediment d'!, respectively) which contrasts with two previous
studies of nitrogen-polluted coastal wetlands where nitrate reduction rates exceeded sulfate
reduction rates by approximately one order of magnitude (Bourceau et al., 2023; Laverman et al.,
2012). However, in these studies the top 0-1 and 0-2 cm of sediment were incubated, while the
top 3 cm of sediment was incubated in our study. This difference in depth section selection may
be significant as nitrate-reducing microbes often concentrate in the top mm to 1 cm of the
sediment, while sulfate-reducing microbes are usually more dominant in deeper sediment
(Canfield et al., 2005; Froelich et al., 1979). Thus, the homogenization of the top 3 cm of
sediment in this study may have diluted the nitrate-reducing microbial population and enriched
the sulfate-reducing one relative to the other studies. Alternatively, nitrate reduction rates in this
study may have been concentration-limited: incubation nitrate concentrations (Table 3) were not
maintained above the half-saturation constant (~1.5-19.8 uM NOs") for denitrification (Evrard et
al., 2013), whereas sulfate reduction was not similarly limited. Nitrate reduction rates may
therefore have been artificially decreased relative to sulfate reduction which may partly account
for their similar magnitudes. In comparison, nitrate reduction was not concentration-limited in
Laverman et al. (2012) but was in Bourceau et al. (2023), and sulfate reduction was not

concentration-limited in either previous study.
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It is classically assumed that microbial nitrate and sulfate reduction occur at different
sediment depths (Canfield et al., 2005; Froelich et al., 1979). This vertical stratification is
maintained by nitrate reducers outcompeting sulfate reducers for shared metabolic substrate (e.g.
hydrogen and acetate) (Whitmire & Hamilton, 2005). The energetic favorability of nitrate
reduction over sulfate reduction gives nitrate reducers a higher affinity for shared substrate,
resulting in nitrate reducers maintaining substrate concentrations too low for sulfate reduction to
be energetically favorable (Lovley & Goodwin, 1988). However, recent studies have
demonstrated simultaneous nitrate and sulfate reduction in freshwater, brackish, and marine
sediments (Bourceau et al., 2023; Laverman et al., 2012). Similarly, there was simultaneous
nitrate and sulfate reduction in sediment slurry incubations from Station NP2 (Figs. 4, 5). This
does not necessarily imply simultaneous activity in situ, as homogenization of the top 3 cm of
sediment may have artificially combined vertically stratified nitrate and sulfate-reducing
communities. Potentially, drainage-derived nitrate drives nitrate reduction in the top layer of
sediment while tidally derived sulfate drives sulfate reduction at successive sediment depths.
Nevertheless, these findings challenge the assumption that sulfate reduction may not occur until
more energetically favorable electron acceptors, such as nitrate, are fully exhausted (Froelich et
al., 1979; Grigoryan et al., 2008; Whitmire & Hamilton, 2005), contributing nuance to the

coexistence of nitrate and sulfate reduction.

4.3 Differential effects of nitrate amendment on total AOM, S-AOM, and N/S-independent

AOM

4.3.1 Nitrate amendment suppresses total AOM and S-AOM
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The second goal of this study was to evaluate if nitrate amendment suppresses S-AOM
and total AOM in coastal wetland sediments. This hypothesis that nitrate amendment suppresses
S-AOM, but not total AOM, operates under the assumption that N-AOM is active in nitrogen-
polluted sediments and compensates for decreases in total AOM due to suppressed S-AOM.
However, N-AOM was not detectable at Stations NP2, NP3, and X, and was a relatively minor
contributor to total AOM at Station NP1 relative to S-AOM (Fig. 6, 7). As a result, and as further
discussed below, N-AOM did not compensate for the suppressing effect of nitrate amendment on
S-AOM, resulting in decreased AOM rates.

AOM activity was detected at all stations on the order of ~1 nmol cm™ bulk wet sediment d!
(Fig. 6). However, one N-Starved replicate from Station NP1 exhibited an AOM rate of 4.66
nmol cm™ bulk wet sediment d-!, four times higher than the other replicates, resulting in a high
standard deviation relative to the other stations. This higher AOM rate may have been due to a
replicate containing sediment micro-niches with higher concentrations of ANME relative to
other replicates. Station NP2 and NP3 AOM rates in N-Starved incubations (~1 nmol ¢m™ bulk
wet sediment d!) were consistent with previously measured AOM rates at these stations under
similar incubation conditions (Krause et al., 2025). Krause et al. (2025) also found low
abundances of archaea capable of S-AOM and implicated in iron-dependent AOM at Stations
NP2 and NP3.

At all nitrogen-polluted stations, nitrate amendment decreased total AOM on average (NP1)
and significantly (NP2 and NP3) relative to the N-Starved treatment (Fig. 6). At Station NP1,
where nitrate amendment stimulated N-AOM, the suppressive effect of nitrate on total AOM was
still more pronounced and resulted in a net decrease in AOM rates. On average, AOM rates

decreased by ~62%, ~30%, and ~16% at Stations NP1, NP2, and NP3, respectively. This
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decrease may be attributed to nitrate amendment suppressing S-AOM specifically. The relative
contribution of S-AOM decreased with nitrate amendment at the nitrogen-polluted stations while
the relative contribution of N/S-independent AOM (which may include iron, manganese, and
humic substances-dependent AOM) did not (Fig. 6, 7). These findings support the hypothesis
that S-AOM is suppressed by nitrate, expanding the concentration threshold for S-AOM
suppression from 3—5 mM NOs™ in previous studies (Beal et al., 2009; Y. Zhang et al., 2020) to
0.5 mM NOs" in this study. Furthermore, the previous studies demonstrated S-AOM suppression
with artificially low sulfate concentrations (~3 mM) while this study demonstrated it with
environmental concentrations (7-28 mM). However, contrary to our hypothesis, total AOM
decreased with nitrate amendment. N-AOM was either not active (Stations NP2, NP3) or was not
prominent enough (Station NP1) to compensate for suppressed S-AOM (Fig. 6).

Nitrate amendment did not significantly decrease AOM at Station X (Fig. 6), potentially
because S-AOM was absent. While S-AOM activity and the suppressing effect of nitrate
amendment on S-AOM were detected at the nitrogen-polluted stations (Fig. 6), N/S-independent
AOM contributed up to 100% of AOM at Station X (Fig. 7). Where S-AOM is absent, it is
plausible that nitrate does not have a suppressing effect on AOM and AOM rates do not
significantly decrease. Because N/S-independent AOM accounted for up to 100% of AOM at
Station X yet did not decrease, this also suggests that N/S-independent AOM exhibits nitrate
tolerance, as further discussed in section 4.3.2.

Nitrate amendment suppressing S-AOM may be due to multiple factors. As nitrate and the
intermediate nitrite are more energetically favorable electron acceptors for AOM than sulfate at
standard conditions (Table 1), N-AOM may outcompete S-AOM for shared substrate (methane)

if nitrate is available (Strous & Jetten, 2004). N-AOM may have competitively suppressed S-
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AOM in nitrate-amended incubations from Station NP1 (Figs. 6, 7). However, N-AOM was not
detectable at Stations NP2, NP3, and X (Figs. 6, 7) and was therefore unlikely to competitively
suppress S-AOM in those stations. Furthermore, it is not clear why nitrate amendment
suppressed S-AOM but not N/S-independent AOM as N-AOM is more energetically favorable
than both (Fig. 1).

S-AOM occurs through a consortium of ANME and sulfate-reducing bacteria (Boetius et
al., 2000; McGlynn et al., 2015; Wegener et al., 2015). Some sulfate-reducing bacteria can
switch from sulfate reduction to DNRA when nitrate is available (Bourceau et al., 2023; Krekeler
& Cypionka, 1995; Seitz & Cypionka, 1986). At Station NP2, DNRA was detected at rates two
orders of magnitude higher than S-AOM (Stations NP1 and NP3 were not tested) (Figs. 4, 6, 7).
Given observations from previous studies, it is plausible that some sulfate-reducing bacteria
transitioned to DNRA under nitrate-amended conditions, including taxa that may previously
have participated in syntrophic associations with ANME during S-AOM. Microbes within
Desulfobacterota (reclassified from Deltaproteobacteria), a canonical sulfate-reducing bacterial
phylum with a key marker gene for DNRA (Bourceau et al., 2023), have been shown to partner
with ANME (including ANME-2c¢) for S-AOM (Knittel et al., 2005). Desulfobacterota and
ANME-2c¢ were previously detected at Stations NP2 and NP3 (Krause et al., 2025). Furthermore,
members of Desulfobacterales (a bacterial order within phylum Desulfobacterota and class
Desulfobacterales) can participate in S-JAOM (Murali et al., 2023) and DNRA (Bourceau et al.,
2023), and were detected at Station NP2 and NP3 (Krause et al., 2025). In the presence of nitrate,
members of Desulfobacterota/Desulfobacterales may therefore have switched from S-AOM to
DNRA (decoupled from AOM), thereby reducing S-AOM rates. This applies to Station NP2 and

NP3, where Desulfobacterota/Desulfobacterales has been previously detected. Bacterial diversity
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was not evaluated at Station NP1, but Desulfobacterota/Desulfobacterales may have been present
there as well.

Nitrate-derived inorganic nitrogen products (nitrite and ammonium) may also have been
involved in suppressing S-AOM. Nitrite may competitively inhibit the dissimilatory sulfite
reductase enzyme (Wolfe et al., 1994). Additionally, high ammonium concentrations (3 mM)
may have a suppressing effect on S-AOM (Y. Zhang et al., 2020). Thus, considerable nitrite or
ammonium accumulation in incubations could have contributed to S-AOM suppression. Nitrite
and ammonium concentrations were not determined throughout the AOM rate incubations,

however, and cannot be evaluated.

4.3.2 Relative tolerance of N/S-independent AOM to nitrate amendment

The effect of nitrate amendment on N/S-independent AOM was determined by
comparing the + Mb and + Mb + N treatments (see section 3.2.3). While the relative
contributions of S-AOM to total AOM generally decreased with nitrate amendment across the
stations, the relative contributions of N/S-independent AOM increased (Fig. 7). As previously
mentioned, N/S-independent AOM rates did not increase; rather, N/S-independent AOM
contributions increased because S-AOM rates decreased while N/S-independent AOM rates did
not change (Figs. 6, 7). As nitrate amendment did not significantly decrease N/S-independent
AOM rates in nitrate-amended incubations, this study may suggest that N/S-independent AOM is
nitrate tolerant (Fig. 6).

It is not possible to discern exactly which N/S-independent AOM pathways were active
in this study. AOM coupled to iron(IIl) and humic substances are candidates for N/S-

independent AOM and can occur in coastal wetlands (Segarra et al., 2013; Valenzuela et al.,
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2017, 2019). Additionally, an ANME lineage implicated in iron-dependent AOM was previously
detected at Stations NP2 and NP3 (Krause et al., 2025). Differentiating between N/S-
independent AOM pathways may be difficult as conventional inhibitors for AOM pathways (e.g.
BES) are relatively unspecific and incomplete (Krause & Treude, 2021; Maltby et al., 2018;
Timmers et al., 2015). Thus, which N/S-independent AOM pathways were active, and their
respective magnitudes, may have varied between incubations. Additionally, it is possible that
nitrate amendment suppressed certain N/S-independent AOM pathways in incubations treated
with molybdate and nitrate. Assuming N-AOM was active in all stations, the combination of
suppressed N/S-independent AOM and stimulated N-AOM may have produced AOM rates
significantly higher than (Station NP1) or not significantly different from (Stations NP2, NP3,
and X) incubations treated with molybdate only. This combination would falsely indicate that
nitrate does not suppress N/S-independent AOM and could have applied to any of the four tested
stations. However, as previously discussed (see section 4.2.1), N-AOM was not detected at
Stations NP2, NP3, and X, and N-AOM microbes were not previously detected at Stations NP2
and NP3 (Krause et al., 2025). We propose that nitrate tolerance in N/S-independent AOM
pathways is a more likely explanation than nitrate simultaneously stimulating N-AOM and

suppressing N/S-independent AOM.

4.4 Dominant AOM pathways across a sulfate-salinity gradient
4.4.1 Variable contributions of S-AOM to total AOM among stations

Sulfate reduction is widely considered the dominant pathway driving AOM in marine and
brackish sediments, including coastal wetlands (Gao et al., 2022; La et al., 2022; Segarra et al.,

2013; Zhao & Lu, 2023). In these sediments, both S-AOM and total AOM increase with sulfate
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concentrations and salinity (La et al., 2022; Lee et al., 2025) which are supplied by tidal input
(Petersen et al., 2023). It is then expected that S-AOM and its relative contribution to total AOM
increase along a sulfate-salinity gradient (La et al., 2022; Lee et al., 2025; Zhao & Lu, 2023)
with high-brackish and marine wetland sediments supporting a higher S-AOM contribution than
low-brackish and freshwater sediments (Segarra et al., 2013; Wallenius et al., 2021; Xue et al.,
2024; Zhao & Lu, 2023).

Under N-Starved conditions, the relative contribution of S-AOM to total AOM did not
increase with salinity and sulfate; rather, it decreased on average. Across the gradient of
increasing salinity and sulfate, S-AOM contributed ~81%, ~32%, ~43%, and 0% of AOM at
Stations NP1, NP2, NP3, and X, respectively (Fig. 7). S-AOM dominated AOM only at Station
NP1, the lowest-sulfate, lowest-salinity station. At every other station, the N/S-independent
AOM contribution was dominant (57-100%) up to ~100% at the marine Station X. S-AOM was
therefore a dominant contributor only in low-brackish sediment incubations under N-Starved
conditions, and not in mid/high-brackish or marine sediment, the opposite of the expected trend.

Under N-Amended conditions, S-AOM was not the dominant contributor at any station
(<50% of AOM) and the N/S-independent AOM contribution increased at all stations (Fig. 7).
Across both treatments, then, the lowest-sulfate station (Station NP1) exhibited the highest S-
AOM contribution while the highest-sulfate station (Station X) exhibited the lowest S-AOM
contribution. These findings are contrary to the longstanding notion of higher S-AOM activity
with increasing salinity and sulfate concentrations (La et al., 2022; Lee et al., 2025; Segarra et
al., 2013; Wallenius et al., 2021; Xue et al., 2024; Zhao & Lu, 2023). One precedent for high S-
AOM contribution at low sulfate concentrations is its dominance in some freshwater wetlands

where sulfate is resupplied through sulfur oxidation (Segarra et al., 2015) which could account
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for the high S-AOM contribution to AOM at Station NP1. Nevertheless, a higher S-AOM
contribution in a low-brackish station than in mid/high-brackish and marine stations remains
surprising.

Notably, sampling took place during low tide, potentially capturing a snapshot of salinity and
sulfate concentrations at their lowest. Over a full tidal cycle these concentrations likely vary: at
high tide, tidal input supplies salinity and sulfate to all stations, whereas at low tide, drainage
input dilutes salinity and sulfate most strongly at nitrogen-polluted stations. Salinity and sulfate
concentrations may therefore span overlapping ranges across the stations, so S-AOM
contributions should be compared across those ranges rather than low tide values. This likely
does not apply to Station X which experienced very low to no nitrogen pollution (see section
4.1). It remains surprising that S-AOM was not detected at Station X but was detected at the
stations with lower salinities and sulfate concentrations.

One possibility is that high rates of organic matter degradation inhibited S-AOM (Lapham et
al., 2024). Organic matter degradation can generate hydrogen through fermentation (Lovley et
al., 1982) and drive hydrogenotrophic sulfate reduction. Hydrogenotrophic sulfate reduction is
more energetically favorable than S-AOM and thus may outcompete AOM for sulfate (Jorgensen
et al., 2019; Thauer et al., 1977) (see also Table 1). Furthermore, the energetic feasibility of
AOM decreases with increasing hydrogen concentrations (> 0.3 nM) (Hoehler et al., 1994,
1998). AOM rates at Station X (N-Starved incubations) were significantly lower than AOM rates
in all other stations (p < 0.05), potentially indicating relatively increased presence of suppressing
agents, such as hydrogen. It should also be noted that high organic carbon, specifically humic
substances, may stimulate N/S-independent AOM (Valenzuela et al., 2017). Therefore, while S-

AOM may have been inhibited, N/S-independent AOM may have persisted despite elevated
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hydrogen concentrations due to the availability of humic substances as alternative electron
acceptors.

Alternatively, the calculated S-AOM and N/S-independent AOM contributions may carry
methodological bias. Molybdate treatment was used to exclude S-AOM by inhibiting sulfate
reduction, but this assumes that distinct microbial populations conduct S-AOM and N/S-
independent AOM. It is possible that microbes implicated in both S-AOM and N/S-independent
AOM (e.g. ANME-2a/2c) (Scheller et al., 2016) switched between electron acceptors depending
upon availability, including switching from S-AOM to N/S-independent AOM in molybdate-
treated incubations. Thus, the N/S-independent AOM contributions would be artificially
increased. This artificial increase would be surprising as it would indicate that some microbes
conducting S-AOM while sulfate is available are also capable of conducting the more
energetically favorable N/S-independent AOM yet do not until sulfate reduction is inhibited. One
potential explanation is that more-crystalline iron oxides can facilitate sulfate reduction (and S-
AOM) over iron reduction (and iron-dependent AOM), even in sediment rich in microbially
reducible iron(III) (Hansel et al., 2015). Accordingly, the molybdate-treated incubations may
reveal the metabolic versatility of AOM-conducting microbial communities across the stations.
Versatility would be highest at Station X where AOM switched readily to N/S-independent
AOM when sulfate reduction was inhibited (Fig. 6). Versatility would be lowest at Station NP1
as sulfate reduction inhibition considerably reduced AOM rates, and intermediate at Stations
NP2 and NP3. Differences in the abundances of such versatile microbes (e.g. ANME-2a/2c¢),
may have influenced S-AOM contributions among the stations.

Collectively, these findings suggest that, in coastal wetland sediments (0—3 cm), higher

porewater salinity and sulfate concentrations may not correlate with higher S-AOM contributions
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and may not indicate that sulfate reduction is the primary driver of AOM. Potentially, tidal and
freshwater input regularly supply and dilute porewater salinity and sulfate concentrations,
obscuring sulfate availability for AOM. Additionally, high rates of organic matter degradation
and the metabolic versatility of AOM-conducting microbes may influence the relative
contributions of S-AOM and N/S-independent AOM to total AOM. The combination of these
factors may produce the atypical relationship between S-AOM contributions to AOM, and

salinity and sulfate concentrations observed in this study.

4.4.2 Prominent N/S-independent AOM in marine sediment slurry incubations
N/S-independent AOM accounted for up to 100% of AOM at Station X (Figs. 6, 7). The
expected response of N/S-independent AOM rates to molybdate treatment, a competitive sulfate
reduction inhibitor, is no change (Hansen et al., 1998; Liu et al., 2025). However, Station X
AOM rates significantly increased with molybdate treatment (Fig. 6). One study, which also
observed molybdate-stimulated AOM rates under marine conditions, proposed that S-AOM
inhibition may increase the energetic favorability of AOM coupled to other electron acceptors
(van Grinsven et al., 2020). Furthermore, molybdate may also influence microbial
methanogenesis. Sulfate reduction typically outcompetes methanogenesis for competitive
substrates (e.g. hydrogen and acetate) (Jorgensen, 2000; Oremland & Polcin, 1982). The
energetic favorability of sulfate reduction over methanogenesis gives sulfate reducers a higher
affinity for shared substrate, resulting in sulfate reducers maintaining substrate concentrations
too low for methanogenesis to be energetically favorable (Kristjansson et al., 1982). Molybdate

treatment may have facilitated methanogenesis by removing its primary competitor, potentially
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leading to non-competitive methane production at Station X incubations and thereby stimulating

N/S-independent AOM (Hansen et al., 1998).

4.5 Humic substances stimulate AOM in the absence of classical electron acceptors

From the discussion thus far, it is evident that N/S-independent AOM is a prominent
contributor to AOM at all stations, particularly under nitrate-amended conditions. Another goal
in this study was to identify candidates for N/S-independent AOM, specifically if humic
substances were available for AOM. Humic substances are naturally occurring and redox-
available organic carbon compounds (Lovley et al., 1996). Humics-AOM can occur in sediment
with varying salinities, including methane seep sediment (Scheller et al., 2016), a freshwater
bioreactor (Bai et al., 2019), a brackish tropical wetland (Valenzuela et al., 2017, 2019), and
paddy soil (Fan et al., 2020). High substrate concentrations (high organic carbon content) can
stimulate humics-AOM (Valenzuela et al., 2017). Previous work at Station NP3 identified that
sediment total organic carbon concentrations were highest within the top 2.5 cm (Krause et al.,
2025). It is therefore plausible that humics-AOM contributed to N/S-independent AOM in
Station NP3 incubations (0—3 cm).

Humics-AOM rates were determined at Station NP3 by comparing AOM rates in AQDS-
treated incubations (+ AQDS and + Mb + S + AQDS) and control treatments (N-Starved and +
Mb + S) where the difference was assumed to be humics-AOM. Humics-AOM was not
detectable in AQDS-treated incubations with active iron and sulfate reduction (Fig. 8A).
However, when iron-dependent AOM and S-AOM were inhibited, humics-AOM was detected in
AQDS-treated incubations. Detection solely in inhibitory treatments may suggest that microbes

capable of humics-AOM are present but may be conducting iron-dependent AOM or S-AOM
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under typical environmental conditions. Candidates for humics-AOM include ANME-2c
(Scheller et al., 2016), an ANME lineage detected at Station NP3 (Krause et al., 2025) which can
also conduct iron-dependent AOM (Xiao et al., 2023) and S-AOM (Knittel & Boetius, 2009;
Timmers et al., 2017). Humics-AOM is less energetically favorable than iron-dependent AOM
but more favorable than S-AOM at standard conditions (Table 1). In situ thermodynamics —
resulting from environmental concentrations of electron acceptors, donors, and products (Knittel
& Boetius, 2009) — may have shifted the relative favorability of both iron-dependent AOM and
S-AOM to be higher than humics-AOM. We suggest that microbes capable of humics-dependent
AOM are present at Station NP3 and that humics-AOM may contribute to present N/S-
independent AOM. However, under typical environmental conditions, iron-dependent AOM and
S-AOM are likely the dominant AOM pathways. It is possible that humics-AOM at Station NP3
may be attributed to ANME-2c; however, other microbial lineages not previously detected could
also be involved.

Notably, AOM persisted even in incubations where sulfate and iron reduction were inhibited
and no AQDS was added (Fig. 8A) which may be attributed to less reactive humic substances
already present in the incubation sediment. Sulfide treatment was used to remove microbially
reducible iron(III) from potential iron reduction and may have also removed highly reactive
humic substances from potential microbial reduction. It is plausible that sulfide treatment did not
remove less reactive humic substances from potential microbial reduction and that these less

reactive humic substances were available for humics-AOM.

4.6 Methane-derived dissolved organic carbon production linked to anaerobic

methanotrophy
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Aerobic methane-oxidizing bacteria (Hanson & Hanson, 1996) and ANME (Boetius et al.,
2000; Knittel & Boetius, 2009; Wegener et al., 2008) are known to oxidize methane into
inorganic carbon and fix methane into their biomass. Furthermore, recent studies have shown that
some aerobic methane-oxidizing bacteria (Gilman et al., 2017; Kalyuzhnaya et al., 2013; Schorn
et al., 2024), NC10 bacteria (H. Chen et al., 2018, 2019), and ANME (S. Yang et al., 2020) may
produce DOC (including formate, acetate, and lactate) derived directly from methane under
oxygen-limited conditions. This direct methane-derived DOC production is still poorly
understood and has only been shown to occur in freshwater lakes (aerobic methane-oxidizing
bacteria) (Schorn et al., 2024) and bioreactor cultures (acrobic methane-oxidizing bacteria,
NC10, ANME) (H. Chen et al., 2018, 2019; Gilman et al., 2017; Kalyuzhnaya et al., 2013; S.
Yang et al., 2020). More classically, methane-derived DOC may be produced indirectly from
methane-derived DIC and biomass (Lalk et al., 2025; Pohlman et al., 2011). This indirect
methane-derived DOC production is typically ascribed to methane seep environments where
methane is a dominant component within the carbon cycle and can contribute greatly to the DOC
pool (Pohlman et al., 2011). Alternatively, a recent study found that ANME-2d can indirectly
produce acetate from methane-derived intracellular compounds (Cai et al., 2019). Direct and
indirect methane-derived DOC production may be difficult to differentiate, but cumulative
methane-derived DOC production may be an underrecognized aspect of the carbon cycle in
which methane-derived DOC contributes to heterotrophy (Oshkin et al., 2015; Radajewski et al.,

2003).

Methane-derived DOC was extracted according to the methods outlined in section 2.4.5. DIC
was removed with acidification, while biomass was removed with filtration (0.22 pm,

polyethersulfone). Additionally, methane-derived biomass was unlikely to have accumulated due
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to the slow (several months) doubling time of ANME (Girguis et al., 2005; Meulepas et al.,
2009; Nauhaus et al., 2007). Methane-derived DOC production was detected in all live Station
NP3 incubations at 0-21 pmol cm™ d'!, around one to two orders of magnitude lower than AOM
(Fig. 8B). Methane-derived DOC production was primarily attributed to ANME or canonical
methanogens (see section 3.2.4) as BES treatment significantly suppressed methane-derived
DOC production, indicating that methyl-coenzyme M reductase was involved in methane-
derived DOC production. Methane-derived DOC production may potentially be attributed to
ANME-2c, previously detected at Station NP3 (Krause et al., 2025), though it is important to
note that other microbes may also have been involved. There was no evidence for methane-
derived DOC production linked to aerobic methanotrophy: inhibitory agents for aerobic
methanotrophy did not significantly affect methane-derived DOC production relative to BES

treatment.

Methane-derived DOC production significantly increased when iron and sulfate reduction
were inhibited relative to the N-Starved treatment, plausibly because DOC consumption
(including methane-derived DOC) linked to organoclastic iron and sulfate reduction was
inhibited. Methane-derived DOC production also significantly increased with AQDS treatment
alone, potentially indicating the involvement of AQDS in the metabolic process (Fig. 8B). Since
electron acceptors may be necessary to activate methane for DOC production (H. Chen et al.,

2019) AQDS may have facilitated methane activation for methane-derived DOC production.

It is, however, unlikely that AQDS stimulated indirect methane-derived DOC production.
Indirect methane-derived DOC production could plausibly be fueled by increased DIC or
biomass production from AOM. But AQDS treatment alone did not stimulate AOM (Fig. 8A).

Conversely, AQDS treatment could have fueled DOC and biomass consumption as AQDS is a
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potential electron acceptor for organic matter degradation (Lovley et al., 1996). Furthermore,
relatively low rates of methane-derived DIC production via AOM (~0.3 nmol cm™ bulk sediment
d-') were likely diluted by incubation media DIC concentrations (~400,000 nmol bicarbonate)
(Laso-Pérez et al., 2018). Rather, it is feasible that AQDS stimulated methane activation for
direct methane-derived DOC production. We therefore propose that humic substances were more
likely involved in direct methane-derived DOC production and that direct methane-derived DOC
production may have been active at Station NP3. Similarly, in incubations where iron and sulfate
reduction were inhibited but no AQDS was added (+ Mb + S), increased methane-derived DOC
production may partially be attributed less reactive humic substances (not removed by sulfide)
stimulating direct methane-derived DOC production (Fig. 8B). Increased methane-derived DOC
production in + Mb + S incubations may also be partially attributed to inhibited DOC
consumption via organoclastic iron and sulfate reduction.

These findings extend previous observations from bioreactors of methane-derived DOC
production linked to ANME to sediment slurry incubations with coastal wetland sediments (S.
Yang et al., 2020). Furthermore, these findings propose a previously unexplored electron
acceptor potentially involved in direct methane-derived DOC production, humic substances (S.

Yang et al., 2020).
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5. Conclusion

This study from CSMR demonstrates the effects of simulated nitrate pollution on various
AOM pathways (N-AOM, S-AOM, and N/S-independent AOM) as well as total AOM in coastal
wetland sediments (Fig. 9). The prominent impact of nitrate amendment was suppressed S-AOM
and decreased total AOM rates across the nitrogen-polluted stations (Stations NP1, NP2, and
NP3), while N-AOM was a relatively minor contributor to AOM that did not compensate for
suppressed S-AOM. N/S-independent AOM was nitrate tolerant and a prominent contributor to
total AOM, particularly under nitrate-amended conditions. Though previous works have
suggested that S-AOM is the dominant contributor to AOM in coastal wetland sediments
(Gao et al., 2022; La et al., 2022; Segarra et al., 2013), we observed that N/S-independent AOM
was dominant over S-AOM in all nitrate-amended sediment slurry incubations across a sulfate-
salinity gradient: low-brackish, mid-brackish, high-brackish, and marine. We conclude that N/S-
independent AOM may represent an increasingly important contributor to AOM in nitrate-
polluted coastal wetland sediments as pollution intensifies (Galloway et al., 2003, 2008; Howarth
et al., 1996; Kintisch, 2013; Smith et al., 1999), particularly near the surface where maximal
nitrate pollution and penetration into sediment transpires. Humics-AOM, detected at Station NP3
in the absence of classical electron acceptors, is a candidate for N/S-independent AOM.
Furthermore, humic substances were suggested to stimulate methane-derived DOC production,

illuminating a potentially underrecognized pathway within wetland carbon cycling.
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Figure 9. Illustrated responses of total AOM and its constituent pathways to nitrate
amendment. On the left column, total AOM under nitrate-starved conditions is shown as well as
constituent AOM pathways: S-AOM is depicted in orange; N/S-independent AOM is depicted in
blue. Microbes conducting S-AOM and N/S-independent AOM under nitrate-starved conditions
are shown beneath. Sulfate-reducing bacteria are shown in orange; ANME are shown in blue;
electron transfer between ANME and sulfate-reducing bacteria is shown as a dashed yellow line.
On the right column, total AOM under nitrate-amended conditions is shown as well as
constituent AOM pathways: S-AOM is depicted in orange; N/S-independent AOM is depicted in
blue; and N-AOM is depicted in purple. Microbes conducting S-AOM, N/S-independent AOM,

and N-AOM under nitrate-amended conditions are shown beneath. NC10 bacteria are shown in

63



purple. S-AOM suppression is depicted with a relatively smaller sulfate-reducing bacterial
population as well as some sulfate-reducing bacteria switching to DNRA with no methane
oxidized. Nitrate tolerance in N/S-independent AOM is depicted as no change relative to nitrate-

starved conditions.

Several open questions remain from this study:

(1) How sulfate-reducing microbes involved in S-AOM respond to nitrate amendment
remains speculative. Metagenomic and transcriptomic analyses targeting ANME-
associated sulfate-reducing bacteria could test whether nitrate amendment induces
sulfate-reducing bacteria to switch to DNRA, decoupling their metabolism from AOM.
Furthermore, dose-response experiments could evaluate a potential nitrate concentration
threshold at which S-AOM suppression begins.

(2) The nitrate tolerance of individual N/S-independent AOM pathways — e.g. iron(III),
manganese(IV), and humic substances — was not tested. Future works could implement
specific inhibitors (if available) or culture experiments to isolate individual N/S-
independent AOM pathways and assess if their nitrate tolerance differs.

(3) It is further not clear which variables control the relative contributions of N/S-
independent AOM and S-AOM to total AOM in coastal wetland sediments. S-AOM and
N/S-independent AOM contributions should be tested under different conditions: stage in
tidal cycle, sediment depth, sediment type, biogeochemical characteristics not tested in
this study (e.g. pH).

(4) Methane-derived DOC production in coastal wetland sediments is still not well

understood. Future studies should characterize the importance of methane-derived DOC
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production across horizontal and vertical sediment distributions and the microbial

lineages putatively involved.
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Appendix

Table 4. Water column and sediment porewater unaggregated data. Station ID and sampling
date for Carpinteria Salt Marsh Reserve water column and drainage water samples, and sediment
cores, with nitrite, nitrate, ammonium, methane, salinity, and sulfate reported by sediment depth.

nn

= not measured.

Sampling Sediment Nitrite Nitrate Ammonium Methane Sulfate Salinity
Station ID
Date depth (cm) (uM) (uM) (uMD) (uM) (mM) (gkg™)

Station NP1 06/17/2025 drainage 5.7 2095 0 - - -
Station NP1 06/17/2025 supernatant 19 978 0 - 2.5 2.2
Station NP1 06/17/2025 water column 39 1903 0 - 1.8 1.1
Station NP1 06/17/2025 0.5 0.0 0.0 164 3.5 3.5 39
Station NP1 06/17/2025 1.5 0.0 2.0 152 0.9 4.8 5.1
Station NP1 06/17/2025 2.5 1.2 1.3 71 1.0 6.8 7.6
Station NP1 06/17/2025 3.5 3.7 39 - - - -
Station NP2 08/12/2024 supernatant 20 117 14 0.0 1.0 2.0
Station NP2 08/12/2024 water column 1.8 188 34 0.0 0.0 0.0
Station NP2 08/12/2024 0.5 0.0 0.7 137 8.4 11 10
Station NP2 08/12/2024 1.5 0.0 1.2 125 8.7 14 13
Station NP2 08/12/2024 2.5 0.0 0.8 119 9.1 14 16
Station NP2 08/12/2024 3.5 0.0 0.8 100 6.3 - -
Station NP2 08/12/2024 4.5 0.0 0.0 105 - - -
Station NP2 08/12/2024 6.5 0.0 0.9 135 - - -
Station NP2 08/12/2024 7.5 0.0 1.2 143 - - -
Station NP2 08/12/2024 8.5 0.0 1.1 199 - - -
Station NP2 08/12/2024 9.5 0.0 0.9 253 - - -
Station NP2 08/12/2024 11.0 0.0 1.6 273 - - -
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Sampling Sediment Nitrite Nitrate Ammonium Methane Sulfate Salinity
Station ID
Date depth (cm) (uM) (uM) (uMD) (uM) (mM) (gkg™)

Station NP2 08/12/2024 12.0 0.0 9.4 295 - - -
Station NP2 08/12/2024 15.0 0.0 6.9 286 - - -
Station NP2 08/12/2024 17.0 0.0 4.7 288 - - -
Station NP2 08/12/2024 19.0 0.0 3.9 285 - - -
Station NP2 08/12/2024 21.0 0.0 3.1 277 - - -
Station NP2 06/17/2025 drainage 1.3 409 0 - - -
Station NP2 06/17/2025 supernatant 2.2 28 0 - 8.1 11
Station NP2 06/17/2025 water column 2.7 311 0 - 7.9 10
Station NP2 06/17/2025 0.2 - - - - 15 20
Station NP2 06/17/2025 0.5 0.0 0.6 0 - - -
Station NP2 06/17/2025 0.8 - - - - 15 19
Station NP2 06/17/2025 1.5 0.0 59 227 4.9 15 21
Station NP2 06/17/2025 2.5 0.0 5.6 244 7.2 15 21
Station NP2 06/17/2025 3.5 0.0 4.9 - 5.1 - -
Station NP3 06/17/2025 supernatant 1.6 140 0 - 14 18
Station NP3 06/17/2025 water column 2.5 199 0 - 13 18
Station NP3 06/17/2025 0.5 0.0 0.0 8.0 2.0 20 27
Station NP3 06/17/2025 1.5 0.0 0.5 285 2.2 21 27
Station NP3 06/17/2025 2.5 0.0 0.5 388 2.0 24 30
Station NP3 06/17/2025 3.5 0.0 - - 1.8 - -
Station NP3 08/27/2025 supernatant 59 72 4.0 - 11 17
Station NP3 08/27/2025 water column 0.0 95 2.0 - 8.0 17
Station NP3 08/27/2025 0.5 0.0 1.9 77 3.0 20 25
Station NP3 08/27/2025 1.5 0.0 0.5 135 3.1 21 28
Station NP3 08/27/2025 2.5 0.0 0.5 158 2.1 22 29
Station NP3 08/27/2025 3.5 0.0 - 167 3.5 25 35
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Sampling Sediment Nitrite Nitrate Ammonium Methane Sulfate Salinity

Station ID

Date depth (cm) (uM) (uM) (uM) (uM) (mM) (gkg™
Station X 06/17/2025 supernatant 0.0 18 0 - 27 34
Station X 06/17/2025 water column 0.0 4.4 0 - 27 35
Station X 06/17/2025 0.5 0.0 0.0 - 4.7 27 36
Station X 06/17/2025 1.5 0.0 0.0 71 4.6 27 36
Station X 06/17/2025 2.5 0.0 0.0 - 3.8 26 36
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Table S. Potential sulfate reduction rate unaggregated data in Station NP2 sediment slurry

incubations.

Sampling Nitrate Sulfate Reduction Rate
Station ID Treatment

Date (uM) (nmol cm™ d™)
Station NP2~ 08/12/2024 8 N, 272
Station NP2~ 08/12/2024 8 N 317
Station NP2 ~ 08/12/2024 8 N 283
Station NP2~ 08/12/2024 8 N, + CHy 253
Station NP2~ 08/12/2024 8 N, + CHy 311
Station NP2~ 08/12/2024 8 N, + CHy 259
Station NP2~ 08/12/2024 803 N 203
Station NP2~ 08/12/2024 803 N, 134
Station NP2 08/12/2024 803 N 197
Station NP2~ 08/12/2024 803 N, + CH4 248
Station NP2 08/12/2024 803 N, + CH4 242
Station NP2~ 08/12/2024 803 N, + CHy 201
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Table 6. >SNOs consumption over time unaggregated data in Station NP2 sediment slurry

incubations.
Product 5NOs
Sampling Incubation
Process Treatment produced consumed
Date time (days)
(nmol) (nmol)
Denitrification 08/12/2024 N 0.00 SN, 0.00 0.00
Denitrification 08/12/2024 N 0.00 3N, 0.00 0.00
Denitrification 08/12/2024 N 0.00 3N, 0.00 0.00
Denitrification 08/12/2024 N 0.29 0N, 1.25 2.51
Denitrification 08/12/2024 N, 0.29 ON, 1.49 2.99
Denitrification 08/12/2024 N, 0.29 N, 1.16 2.32
Denitrification 08/12/2024 N, 0.75 N, 4.13 8.26
Denitrification 08/12/2024 N, 0.75 3N, 3.76 7.53
Denitrification 08/12/2024 N, 0.75 N, 5.18 10.35
Denitrification 08/12/2024 N, 1.00 30N, 5.68 11.35
Denitrification 08/12/2024 N, 1.00 0N, 6.07 12.14
Denitrification 08/12/2024 N, 1.00 30N, 5.95 11.91
Denitrification 08/12/2024 N, + CHy 0.00 3N, 0.00 0.00
Denitrification 08/12/2024 N, + CHy 0.00 3N, 0.00 0.00
Denitrification 08/12/2024 N, + CHy 0.00 3N, 0.00 0.00
Denitrification 08/12/2024 N, + CHs4 0.29 N, 1.71 3.42
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Product SNO5
Sampling Incubation
Process Treatment produced consumed
Date time (days)

(nmol) (nmol)
Denitrification 08/12/2024 N> + CH4 0.29 N, 1.85 3.70
Denitrification 08/12/2024 N> + CH4 0.29 30N, 1.78 3.56
Denitrification 08/12/2024 N> + CH4 0.75 30N, 4.02 8.04
Denitrification 08/12/2024 N> + CH4 0.75 30N, 5.69 11.38
Denitrification 08/12/2024 N> + CH4 0.75 3N, 4.79 9.59
Denitrification 08/12/2024 N, + CH4 1.00 30N, 6.15 12.29
Denitrification 08/12/2024 N> + CH4 1.00 N, 6.75 13.49
Denitrification 08/12/2024 N, + CH4 1.00 30N, 6.88 13.76
DNRA 08/12/2024 N 0.00 SNH4" 0.00 0.00
DNRA 08/12/2024 N 0.00 SNH4" 0.00 0.00
DNRA 08/12/2024 N 0.00 "NH4" 0.00 0.00
DNRA 08/12/2024 N 0.29 ISNH4* 3.62 3.62
DNRA 08/12/2024 N 0.29 SNH4" 5.45 5.45
DNRA 08/12/2024 N 0.29 SNH4" 3.95 3.95
DNRA 08/12/2024 N 0.75 NH4" 10.17 10.17
DNRA 08/12/2024 N 0.75 "NH;" 8.80 8.80
DNRA 08/12/2024 N 0.75 SNH4" 10.30 10.30
DNRA 08/12/2024 N 1.00 SNH4" 10.20 10.20
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Product 5NOs
Sampling Incubation
Process Treatment produced consumed
Date time (days)
(nmol) (nmol)
DNRA 08/12/2024 N 1.00 ISNH4" 8.44 8.44
DNRA 08/12/2024 N 1.00 NH4" 12.13 12.13
DNRA 08/12/2024 N+ CH4 0.00 ISNH4* 0.00 0.00
DNRA 08/12/2024 N+ CH4 0.00 ISNH4* 0.00 0.00
DNRA 08/12/2024 N+ CH4 0.00 ISNH4* 0.00 0.00
DNRA 08/12/2024 N+ CHg4 0.29 NH4" 7.14 7.14
DNRA 08/12/2024 N+ CH4 0.29 ISNH4" 5.03 5.03
DNRA 08/12/2024 N+ CH4 0.29 ISNH4" 4.66 4.66
DNRA 08/12/2024 N+ CHg4 0.75 SNH4* 11.79 11.79
DNRA 08/12/2024 N+ CHg4 0.75 SNH4* 11.79 11.79
DNRA 08/12/2024 N+ CH4 0.75 SNH4" 10.05 10.05
DNRA 08/12/2024 N+ CHg4 1.00 ISNH4* 11.78 11.78
DNRA 08/12/2024 N+ CH4 1.00 ISNH4* 9.57 9.57
Anammox 08/12/2024 N, 0.00 N, 0.00 0.00
Anammox 08/12/2024 N, 0.00 N, 0.00 0.00
Anammox 08/12/2024 N, 0.00 N, 0.00 0.00
Anammox 08/12/2024 N, 0.29 PN, 0.19 0.19
Anammox 08/12/2024 N, 0.29 PN, 0.17 0.17

72



Product SNOs-
Sampling Incubation
Process Treatment produced consumed
Date time (days)
(nmol) (nmol)
Anammox 08/12/2024 N> 0.29 PNy 0.15 0.15
Anammox 08/12/2024 N, 0.75 PN, 0.25 0.25
Anammox 08/12/2024 N> 0.75 N> 0.23 0.23
Anammox 08/12/2024 N> 0.75 PNz 0.30 0.30
Anammox 08/12/2024 N, 1.00 PN, 0.32 0.32
Anammox 08/12/2024 N> 1.00 N> 0.33 0.33
Anammox 08/12/2024 N, 1.00 PN, 0.34 0.34
Anammox 08/12/2024 N, + CH4 0.00 N, 0.00 0.00
Anammox 08/12/2024 N, + CH4 0.00 N, 0.00 0.00
Anammox 08/12/2024 N, + CH4 0.00 N, 0.00 0.00
Anammox 08/12/2024 N>+ CHg4 0.29 PNy 0.15 0.15
Anammox 08/12/2024 N>+ CHg4 0.29 PNy 0.15 0.15
Anammox 08/12/2024 N, + CH4 0.29 ®N, 0.18 0.18
Anammox 08/12/2024 N>+ CHg4 0.75 N> 0.23 0.23
Anammox 08/12/2024 N>+ CHg4 0.75 N> 0.35 0.35
Anammox 08/12/2024 N>+ CHg4 0.75 PNz 0.30 0.30
Anammox 08/12/2024 N, + CH4 1.00 PN, 0.34 0.34
Anammox 08/12/2024 N, + CH4 1.00 PN, 0.40 0.40

73



Product I5SNQO;5-

Sampling Incubation
Process Treatment produced consumed
Date time (days)
(rmol) (nmol)
Anammox 08/12/2024 N, + CH4 1.00 N, 0.39 0.39
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Table 7. Potential AOM rate unaggregated data in Station NP1, NP2, NP3, and X sediment

slurry incubations.

Sampling AOM rate
Station Treatment
Date (nmol cm? d!)

Station NP1 06/17/2025 N-Starved 4.66
Station NP1 06/17/2025 N-Starved 1.26
Station NP1 06/17/2025 N-Starved 1.15
Station NP1 06/17/2025 N-Starved + Mb 0.31
Station NP1 06/17/2025 N-Starved + Mb 0.48
Station NP1 06/17/2025 N-Starved + Mb 0.36
Station NP1 06/17/2025 N-Amended 0.87
Station NP1 06/17/2025 N-Amended 0.91
Station NP1 06/17/2025 N-Amended 0.88
Station NP1 06/17/2025 N-Amended + Mb 0.52
Station NP1 06/17/2025 N-Amended + Mb 0.52
Station NP1 06/17/2025 N-Amended + Mb 0.55
Station NP2 06/17/2025 N-Starved 0.99
Station NP2 06/17/2025 N-Starved 1.02
Station NP2 06/17/2025 N-Starved 1.22
Station NP2 06/17/2025 N-Starved + Mb 0.91
Station NP2 06/17/2025 N-Starved + Mb 0.63
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Sampling AOM rate
Station Treatment
Date (nmol cm? d!)

Station NP2 06/17/2025 N-Starved + Mb 0.65
Station NP2 06/17/2025 N-Amended 0.75
Station NP2 06/17/2025 N-Amended 0.68
Station NP2 06/17/2025 N-Amended 0.83
Station NP2 06/17/2025 N-Amended + Mb 0.73
Station NP2 06/17/2025 N-Amended + Mb 0.69
Station NP2 06/17/2025 N-Amended + Mb 0.92
Station NP3 06/17/2025 N-Starved 0.99
Station NP3 06/17/2025 N-Starved 1.09
Station NP3 06/17/2025 N-Starved 1.04
Station NP3 06/17/2025 N-Starved + Mb 0.73
Station NP3 06/17/2025 N-Starved + Mb 0.57
Station NP3 06/17/2025 N-Starved + Mb 0.47
Station NP3 06/17/2025 N-Amended 0.86
Station NP3 06/17/2025 N-Amended 0.85
Station NP3 06/17/2025 N-Amended 0.92
Station NP3 06/17/2025 N-Amended + Mb 0.65
Station NP3 06/17/2025 N-Amended + Mb 0.69
Station NP3 06/17/2025 N-Amended + Mb 0.79
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Sampling AOM rate
Station Treatment

Date (nmol cm? d!)
Station X 06/17/2025 N-Starved 0.34
Station X 06/17/2025 N-Starved 0.25
Station X 06/17/2025 N-Starved 0.32
Station X 06/17/2025 N-Starved + Mb 0.42
Station X 06/17/2025 N-Starved + Mb 0.67
Station X 06/17/2025 N-Starved + Mb 0.64
Station X 06/17/2025 N-Amended 0.33
Station X 06/17/2025 N-Amended 0.31
Station X 06/17/2025 N-Amended 0.16
Station X 06/17/2025 N-Amended + Mb 0.48
Station X 06/17/2025 N-Amended + Mb 0.36
Station X 06/17/2025 N-Amended + Mb 0.66
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Table 8. Potential AOM and CHy-derived DOC production rate unaggregated data in

Station NP3 sediment slurry incubations.

Methane-derived

Sampling AOM rate
Station Treatment DOC production

Date (nmol cm d!)

(pmol cm? d1)

Station NP3 08/27/2025  N-Starved 0.28 4.4
Station NP3 08/27/2025  N-Starved 0.28 5.0
Station NP3 08/27/2025  N-Starved 0.25 4.9
Station NP3 08/27/2025 + AQDS 0.25 14.3
Station NP3 08/27/2025 + AQDS 0.18 12.7
Station NP3 08/27/2025 + AQDS 0.25 13.0
Station NP3 08/27/2025 +Mb + S 0.19 21.1
Station NP3 08/27/2025 +Mb + S 0.16 17.6
Station NP3 08/27/2025 +Mb + S 0.19 18.0
Station NP3 08/27/2025 +Mb + S+ AQDS 0.37 13.8
Station NP3 08/27/2025 +Mb + S+ AQDS 0.34 15.4
Station NP3 08/27/2025 +Mb + S+ AQDS 0.38 16.8
Station NP3 08/27/2025 +Mb + S + BES 0.05 2.9
Station NP3 08/27/2025 +Mb + S + BES 0.04 1.3
Station NP3 08/27/2025 +Mb + S + BES 0.06 2.0
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Methane-derived

Sampling AOM rate
Station Treatment DOC production
Date (nmol cm? dY)
(pmol cm?3 dY)

+Mb + S+ BES +

Station NP3 08/27/2025 0.05 0.9
O
+Mb + S + BES +

Station NP3 08/27/2025 0.05 0.0
O
+Mb + S+ BES +

Station NP3 08/27/2025 0.05 1.7
o
+Mb + S + BES +

Station NP3 08/27/2025 0.06 0.0
ANTI
+Mb + S + BES +

Station NP3 08/27/2025 0.05 0.0
ANTI
+Mb + S + BES +

Station NP3 08/27/2025 0.05 1.6

ANTI
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